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 Anthropogenic emissions of mercury into the atmosphere have increased 
mercury deposition that, in turn, has led to a large legacy of mercury accumulation in 
terrestrial ecosystems and increased mercury contamination of surface waters.  Despite 
efforts to control anthropogenic emissions of mercury, it is possible that release of 
mercury historically deposited to forests and wetlands will moderate the recovery of 
aquatic ecosystems.  This research examined the biogeochemical cycling of mercury 
in different wetland types in the Adirondack region of New York and in a forested 
headwater catchment during snowmelt at the Hubbard Brook Experimental Forest 
(HBEF) in the White Mountains of New Hampshire. 
 Mercury pool size varied across the upland-wetland interface, among wetland 
types, across individual wetland transects, and along depth profiles in soils of forests 
and wetlands of the Adirondack region.  In mineral horizons of uplands and shallow 
peat riparian wetlands, mercury was strongly correlated with carbon (p=0.002, 
r2=0.73), and nitrogen (p<0.001, r2=0.82), but not sulfur.  In contrast, there was a 
strong correlation between mercury and sulfur in peat of headwater wetlands 
(p<0.0001, r2=0.60).  Flux estimates suggest a mean residence time of 590 years (SE = 
69) for mercury in headwater wetlands and shallow peat riparian wetlands, and 
>10,000 years in deep peat riparian wetlands. 
 Concentrations of mercury and methyl mercury in wetland peat porewater and 
streams varied seasonally and among wetland types.  Differences in mercury:carbon 
stoichiometry among wetland types suggested that the supply of mercury was limited 
relative to DOC binding sites in headwater wetlands, whereas mercury:carbon ratios 
converged toward a maximum in riparian wetlands, a condition suggestive of mercury 
saturation.  High dissolved methyl mercury concentrations in peat porewater occurred 
at low nitrate concentrations (p<0.0001), suggesting redox reactions associated with 
nitrate can inhibit microbial methylation of mercury. 
 At the HBEF, dissolved organic carbon mobilized from shallow organic soils 
during snowmelt resulted in the mobilization of mercury from these same sources.  
Overall, this research on the biogeochemistry of mercury highlights the linkages 
between hydrological processes and organic matter dynamics that function as master 
variables influencing the ultimate fate of a large legacy of mercury accumulation in 
forest and wetland ecosystems. 
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PREFACE 
Anthropogenic emissions of mercury into the atmosphere have increased 
mercury deposition that, in turn, has led to a large legacy of mercury accumulation in 
terrestrial soils and increased mercury contamination of aquatic ecosystems. This has 
resulted in the bioaccumulation of methyl mercury in fish tissue to concentrations that 
both exceed Environmental Protection Agency recommendations for human 
consumption and pose health risks to wildlife.  Efforts to reduce anthropogenic 
emissions of mercury to the atmosphere are intended to reduce surface water mercury 
contamination.  However, we do not know the rate at which mercury contaminated 
surface waters might recover in response to reduced atmospheric mercury deposition.  
Whereas some amount of initial recovery should be rapid, it is possible that chronic 
accumulation of mercury in soils of forests and wetlands will moderate recovery of 
aquatic ecosystems, as large repositories of historically deposited mercury are released 
to surface waters.  Thus, the overarching objective of this dissertation was to improve 
our understanding of the ultimate fate of this mercury that has accumulated in forest 
and wetland soils. 
The four chapters of this dissertation are linked by two themes: (1) the 
influence of hydrologic mechanisms on the biogeochemical cycling of mercury at the 
terrestrial-aquatic interface (i.e., in wetlands and headwater streams); and (2) the role 
of organic matter and inferred decomposition processes in the retention, 
transformation, release, transport, and residence time of mercury.  
In the first three chapters, I quantify differences in the biogeochemistry of 
mercury among wetlands of different hydrogeologic setting in the Adirondack region 
of New York State.  These chapters compare predominantly ombrotrophic headwater 
bogs influenced primarily by precipitation, with riparian wetlands that are strongly 
influenced by groundwater and surface water.  The objective of Chapter 1 was to 
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quantify mercury pool size and stoichiometry with carbon, nitrogen, and sulfur in soils 
across upland-wetland transects.  The objective of Chapter 2 was to quantify the 
concentration of mercury in porewater and stream water, and to estimate the flux and 
residence time of mercury and methyl mercury from wetlands of different 
hydrogeologic setting.  In Chapter 2, I further discuss differences in mercury:carbon 
stoichiometry in porewater and stream water of these different wetland types.  In 
Chapter 3, I present evidence supporting the inhibition of methyl mercury production 
by redox conditions in freshwater wetlands.   
In Chapter 4, the research crosses into a more forested landscape, the Hubbard 
Brook Experimental Forest in the White Mountains of New Hampshire, and quantifies 
the hydrologic flow paths, source areas, and supply of dissolved organic carbon that 
link episodic acidification and mercury mobilization during snowmelt. 
Overall, this dissertation highlights the linkages between hydrological 
processes and organic matter dynamics that function as master variables influencing 
the ultimate fate of vast pools of mercury accumulated in forest and wetland 
ecosystems. 
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CHAPTER ONE: 
THE INFLUENCE OF HYDROGEOLOGIC SETTING ON 
MERCURY POOL SIZE AND STOICHIOMETRY WITH C, N, & S 
ACROSS UPLAND-WETLAND INTERFACES. 
ABSTRACT 
 Elevated atmospheric deposition of mercury since the mid-1800s industrial 
revolution has led to a large legacy of mercury accumulation in wetlands.  However, 
the influence of different wetland types on the retention and biogeochemical cycling 
of mercury within wetlands remains unclear.  In this study, mercury pool sizes and 
stoichiometry with C, N, and S are quantified across upland-wetland transects and 
among wetlands of different hydrogeologic setting in the Adirondack region of New 
York State.  The pool size of mercury varied across the upland-wetland interface, 
among wetland types, across individual wetland transects, and along depth profiles in 
soils of forests and wetlands of the Sunday Lake watershed.  Total mercury pool size 
was greater in upland soils than in wetland soils (to 50 cm depth, p<0.01).  Shallow 
peat riparian wetlands had greater mercury pool size (to 50 cm depth) than deep peat 
riparian or headwater wetlands (p<0.099, p<0.046).  There was greater accumulation 
of mercury at the upland-wetland interface in deep peat riparian and headwater 
wetlands as compared to the overall wetland transect (p=0.008).  In mineral horizons 
of the uplands and shallow peat riparian wetlands, mercury was strongly correlated 
with carbon (p=0.002, r2=0.73), and nitrogen (p<0.001, r2=0.82), but not sulfur.  In 
deep peat riparian and headwater wetlands, there was no relationship between mercury 
and carbon or nitrogen; however, there was a strong correlation between mercury and 
sulfur in the peat of headwater wetlands (p<0.0001, r2=0.60).  Hydrogeologic setting 
influences decomposition processes, biogeochemical cycling of mercury, and 
2 
hydrologic transport that, in turn, govern the size, distribution, and stoichiometry of 
mercury pools across the upland-wetland interface, along peat depth profiles, and 
among different wetland types.   
INTRODUCTION 
 In the Adirondack region of New York State, the current rate of mercury 
deposition is 3.5x the mercury deposition rate of the mid-1800s (Lorey and Driscoll 
1999). This modern rate of mercury deposition has led to a large legacy of mercury 
accumulation in forest and wetland soils (e.g., Benoit et al. 1994, Grigal 2003).  
Current legislative efforts to decrease anthropogenic emissions of mercury into the 
atmosphere are intended to reduce surface water mercury contamination and 
subsequent bioaccumulation in fish and associated biota.  However, we do not know 
the rate at which mercury contaminated surface waters might recover in response to 
reduced atmospheric mercury deposition.  While it is possible that recovery will be 
rapid, it is also possible that chronic accumulation of mercury in forests and wetland 
soils will moderate recovery of aquatic ecosystems as large repositories of historically 
deposited mercury are transformed to bioavailable methyl mercury and exported to 
surface waters.  However, because of the complex cycling and speciation of mercury 
in the environment, the ultimate fate of mercury retained in wetlands is difficult to 
predict. 
 Wetlands function as ecological and biogeochemical linkages between 
terrestrial and aquatic ecosystems; and biogeochemical mass-balance studies 
traditionally classify wetlands as sources or sinks with respect to the cycling of 
nutrients and other chemical components in the environment.  Whether a wetland 
functions as a source or sink depends upon relative rates of inputs and outputs.  The 
rate at which changing inputs translates into altered source/sink dynamics is controlled 
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by pool size and residence time (Aber and Mellilo 2001). Thus, the degree to which 
observed changes in mercury outputs from wetlands will lag behind changes in 
mercury loading should be more dependent upon pool size and residence time than on 
current rates of mercury deposition.  Most studies concerning the fate of total mercury 
(i.e., all forms of mercury) and methyl mercury (i.e., the neurotoxic bioaccumulating 
form of mercury) at the interface of wetland and aquatic ecosystems have focused on 
only the present day flux of mercury and methyl mercury, and have seldom considered 
the pool size and residence time of mercury within the wetlands.  This study quantifies 
pool sizes of mercury and possible mechanisms for retention of that mercury in 
different wetland types; quantifying pool sizes is a critical first step toward estimating 
the residence time of mercury in wetlands. 
 Wetlands are traditionally defined by their hydrology, physicochemical 
environment, and biota (Mitch and Gosselink 2000).  However, hydrogeologic setting 
has been recognized as a primary factor influencing wetland structure and function 
(Winter 1988, 1992, Brinson 1993, Bedford 1996, 1999).  In essence, the distribution 
of wetlands and varying wetland types across the landscape is a manifestation of local 
and regional hydrological processes, and the interaction of those hydrological 
processes with geological characteristics.  The hydrogeologic setting of a wetland 
links landscape position and surficial geology to the resulting hydrologic regime, 
water chemistry, and the chemistry and accumulation of wetland soils (Winter 1988, 
Winter and Woo 1990, 1992, Bedford 1996, Hill and Devito 1997, 1999).  In this 
study, I use hydrogeologic setting (Winter 1988, 1992, Bedford 1996, 1999) as a 
framework within which to assess differences in the biogeochemical cycling of 
mercury in wetlands across a post-glacial Adirondack landscape.  Hydrogeologic 
setting of a wetland influences water table level and fluctuation and thus the duration 
of soil saturation, as well as the supply of nutrients and electron acceptors.  Together, 
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these hydrological and geochemical factors influence the rate of production and 
decomposition of organic matter, the balance of which controls the formation and rate 
of accumulation of peat.  These hydrological and geochemical factors also influence 
the biogeochemical pathways of decomposition; soil saturation results in anoxic 
conditions, and the availability of alternate electron acceptors influences which 
anaerobic decomposition pathways dominate (e.g., denitrification, sulfate reduction).  
Given the importance of organic matter in the retention of mercury (e.g., Mieli 1991, 
Grigal 2003) these hydrogeologically linked factors likely influence the fate of 
mercury within different wetland types.   
 Connectivity between terrestrial and aquatic ecosystems has emerged as an 
important characteristic influencing mercury supply to surface waters, and 
hydrogeologic setting places a large emphasis on the placement of a wetland within 
the landscape and the hydrologic connectivity between the upland and the wetland 
(Bedford 1996, 1999).  Understanding the role of wetlands in this upland-wetland-
surface water linkage becomes increasingly important as we attempt to predict the rate 
of recovery of surface waters following reductions in mercury loading.  Not only does 
hydrogeologic setting enable one to consider wetlands within the context of the 
broader landscape, but the influence of hydrogeologic setting on the biogeochemical 
cycling of mercury may provide a more mechanistic framework within which to 
interpret and predict the role of varying wetland types in mediating upland-surface 
water connectivity and the retention of mercury within wetland ecosystems.  
 The objective of this study was to quantify mercury pool size and 
stoichiometry with carbon, nitrogen, and sulfur in wetlands of different hydrogeologic 
setting across upland-wetland transects in a glaciated landscape.  I compared 
ombrotrophic headwater bogs influenced primarily by precipitation, and riparian 
wetlands that are strongly influenced by groundwater and surface water, to evaluate 
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the role of hydrogeologic settings in determining the quantity of mercury and the 
character of mercury-element interactions in soils.  I hypothesized that differences in 
the hydrology and associated mode of decomposition would result in characteristic 
differences in the distribution and elemental stoichiometry of mercury along upland-
wetland transects and among wetlands of different hydrogeologic setting.  
METHODS 
Site description 
 This research was conducted in the Sunday Lake watershed located near the 
Stillwater Reservoir along the southwestern boundary of the Adirondack region of 
New York, USA (43o51’40” N, 74o06’07”W).  Average precipitation is ~1300 mm/yr 
(1971-2000 mean), with about 30% delivered as snow (data from Big Moose Station 
and available online at http://climod.nrcc.cornell.edu). Sunday Lake has two inlets, 
with combined watershed area of ~1273 ha.  Vegetation cover is typical north 
temperate mixed deciduous and coniferous forest, with the coniferous forests 
predominantly surrounding ponds, wetlands, and stream corridors.  The upland soils of 
this watershed are mostly well drained spodosols (Typic Haplorthods) with a sandy 
loam to loamy sand texture overlying glacial till or glacial outwash (Demers 2007).  
Eskers are a distinctive feature of the landscape in the vicinity of Sunday Lake and 
provide a complex series of ridges and depressions resulting in myriad wetlands and 
numerous wetland types, which reflect differences in hydrogeologic setting.  The 
highest density of wetlands occurs amidst the esker terrain; however, numerous 
wetlands also occur in areas of the watershed underlain by glacial till, especially along 
stream corridors and in the headwaters of each sub-watershed.  I selected two 
hydrogeologic settings that result in different wetland structure and function. 
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 At one end of the hydrologic gradient were two “headwater wetlands”.  In 
terms of the physiographic settings framed by Winter (1988, 1992), these are 
depressional wetlands typical of Wisconsinan-age glacial terrain of the north-central 
and northeastern United States.  These headwater wetlands are perched in depressions 
formed by eskers and are elevated above the lower stream valleys within the 
watershed; thus they have no inlet streams and very small watersheds that influence 
only edges of the wetlands.  Away from the upwelling gradients associated with the 
break in slope at the edges of these headwater wetlands, the central portions of these 
headwater wetlands are ombrotrophic bogs with strong recharge gradients and 
hydrologic inputs dominated by precipitation (Appendix A, Appendix B).  Both 
headwater wetland sites are dominated by sphagnum moss (Sphagnum spp.); one 
headwater wetland site has an open central pond and a scrub-forest fringe dominated 
by red spruce (Picea rubens Sarg.), black spruce (Picea mariana Mill.), and American 
larch (Larix laricina Du Roi), whereas the second headwater wetland site is more 
densely forested.  The water table is near the surface of the peat in both headwater 
wetlands throughout the year, resulting in permanently saturated conditions, and peat 
accumulation that has reached ~ 7 m in depth. 
 At the other end of the hydrologic gradient were four “riparian wetlands”, 
which I further differentiated into two “deep peat riparian” and two “shallow peat 
riparian” wetlands.  In the terms of Winter (1988, 1992), these riparian wetlands occur 
in a physiographic setting of steep slopes adjacent to narrow lowlands, typical in 
mountainous terrain but common at both large and small scales.  Thus, the riparian 
wetlands result from discontinuities in the slope of the water table and land surface, 
and can be influenced by groundwater, surface water, and precipitation inputs.  
Stratigraphy within the riparian wetlands differentiates the shallow and deep peat 
riparian wetlands, and influences the flow of water through them.  Both the shallow 
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and deep peat riparian wetlands are influenced by local upwelling (discharge) zones at 
the break in slope at the upland-wetland interface (Appendix A, Appendix B).  
However, movement of subsurface water across the deep peat riparian wetlands is 
limited by the low hydraulic conductivity of the peat (see Chapter 2).  In the shallow 
peat riparian wetlands, subsurface water movement across the wetland is less 
restricted, and underflow of subsurface water originating from both the adjacent slope 
and the adjacent stream interacts with the shallow peat.  The deep peat riparian 
wetlands ranged from ~5-6m maximum peat depth, and were dominated by sedges 
(Carex spp), broad leaved deciduous shrubs (e.g., Myrica gale), and occasional 
occurrence of spruce and larch.  The shallow peat riparian wetlands seldom exceeded 
peat depths of ~35cm, but were also dominated by sedge species, with speckled alder 
(Aldus rugosa) present in dense patches, and occasional occurrence of red spruce and 
American larch.  The water table fluctuates more in the riparian wetlands than in the 
headwater wetlands, episodically rising to the surface of the peat and seasonally 
dropping more than 50 cm below the surface of the peat in shallow peat riparian 
wetlands. 
Sampling procedures 
 An upland-wetland transect was established across the entirety of each of the 
six study wetlands.  Transect length ranged ~10-20 m in the shallow peat riparian 
wetlands, to ~60-80 m in the deep peat riparian wetlands, and ~75 – 135 m in the 
headwater wetlands.  Along each transect, at least six wetland soil sampling points 
were established between the upland-wetland interface and the outlet or riparian 
stream (a greater number of cores were taken from longer transects).  An upland soil 
sampling point was located 1m upslope of the upland-wetland interface of each 
wetland. 
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 Wetland soil cores were obtained with a stainless-steel hemispherical peat 
corer (5.5 cm diameter) in order to minimize compaction of peat samples.  The top 50 
cm of each wetland core was sectioned into 5 cm increments.  An additional 10 cm 
increment of each peat core was sampled at a depth of 90-100 cm, and at each 
additional meter of depth throughout the entire wetland peat profile.  Upland soil cores 
were obtained with acid-washed split PVC cores (5.2 cm diameter), horizons (forest 
floor, A, E, B) were delineated in the field and the depth of each horizon was verified 
by “in-hole” measurements.  All soil samples were double-bagged in Ziploc bags, 
frozen immediately upon return from the field, and freeze-dried in preparation for 
analysis. 
Sample analysis 
 Soil samples were analyzed for total mercury using a hot refluxing 
nitric:sulfuric (3:7) acid digestion, followed by dilution and analysis with a Tekran 
2600 Cold Vapor Atomic Fluorescence Spectrometer (CVAFS; Tekran, Toronto, 
Ontario, Canada).  Soil carbon, nitrogen, and sulfur were analyzed with an Elemental 
Combustion System, Model ECS 4010 (Costech Analytical Technologies, Valencia, 
California, USA).  Samples were analyzed in batches with quality control that 
included field blanks and duplicates; independent primary and secondary source 
standards; method detection limit check standards; analysis of appropriate certified 
reference materials; matrix spike and matrix spike duplicate samples to verify the 
absence of sample matrix interferences; as well as initial and ongoing calibration 
verification standards, initial and ongoing calibration blanks, and intitial and ongoing 
precision and recovery standards. 
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Pool size and stoichiometric calculations 
 Total pool size of mercury, carbon, nitrogen and sulfur in the top 50 cm of 
soils was based on measured concentrations, cross sectional area of the core, and total 
dry soil weight.  In the wetland soils, pool size calculations were made separately for 
each 5 cm increment, and then summed over a depth of 50 cm.  Wetland soil pool size 
beyond 50 cm in depth was determined by averaging pool size estimates at the top and 
bottom of each additional 1m segment and then extrapolating that value to each 
additional 1m segment.  In the upland soils, pool size calculations were made 
separately for each soil horizon, and then summed over a depth of 50 cm. 
 Molar ratios of mercury with carbon, nitrogen, and sulfur were calculated 
based on the total pool size of each element within the top 50 cm of soil in the 
headwater and deep peat riparian wetlands.  In the upland and shallow peat riparian 
soils, molar ratios were calculated separately for the organic and mineral soil horizons.  
Additionally, within the top 50 cm of each core, I assessed elemental correlations 
within individual wetland soil core segments and upland soil horizon samples in order 
to show the variability within molar ratios described for bulk soil pools. 
Statistical procedures 
 Statistical procedures were performed with SAS (SAS Institute 1999).  
Difference in total mercury pool size between upland and wetland soils, and among 
wetland types was analyzed using balanced, fixed effects models (PROC GLM, SAS 
Institute 1999).  All wetland soil cores across each individual wetland transect were 
averaged to obtain a single estimate of pool size for each wetland; thus, differences 
among wetland types were more difficult to detect because of a low number of 
replicate wetlands (n = 2 for each wetland type) and p-values < 0.1 were interpreted to 
indicate statistically significant differences.  Differences between the pool size of 
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mercury at the upland-wetland edge of each wetland and the average pool size across 
the wetland transect were assessed with a paired t-test (PROC Means, SAS Institute 
1999).  Differences in the Hg:C, Hg:N, and Hg:S ratio between upland mineral and 
organic soil horizons, mineral soil horizons in the uplands and shallow peat riparian 
wetlands, upland organic horizon and peat at the wetland edge, and among wetland 
types were also determined using balanced, fixed effects models (PROC GLM, SAS 
Institute 1999).  Correlation between mercury and carbon, mercury and nitrogen, and 
mercury and sulfur concentrations in individual samples was assessed using a 
regression model (PROC GLM, SAS Institute 1999); a multiple regression analysis 
was utilized to determine variability in mercury concentration that could be uniquely 
explained by carbon or nitrogen (PROC GLM, SAS Institute 1999). 
RESULTS 
Mercury pool size in forest soil and wetland peat 
 Total mercury pool size to a depth of 50 cm was greater in upland soils than in 
wetland soils on an areal basis (Figure 1.1; p < 0.01, n = 12).  Among wetland types in 
this study, shallow peat riparian wetlands had a greater mercury content than deep peat 
riparian wetlands or headwater wetlands (Figure 1.1; p < 0.099, p < 0.046, 
respectively; n = 2 for each wetland site). 
 Much of the mercury pool in uplands and shallow peat riparian wetlands was 
associated with mineral soil horizons that have been enriched with organic matter 
from the overlying forest floor and wetland sedge peat, respectively.  In contrast, there 
was no evidence of mineral soil in the top 50 cm of the deep peat riparian and 
headwater wetlands.  The accumulation of mercury in the organic horizon alone (to a 
depth of 50 cm) did not differ among sites; however, including the entire peat profile 
mercury pool from deep peat riparian and headwater wetlands increased total wetland 
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mercury pool size.  Mineral soil horizon samples from the uplands and shallow peat 
riparian wetlands were high in mercury concentration; whereas the mineral soils 
underlying deep peat sites were low in mercury concentration. 
 The accumulation of mercury in wetland soils varied across wetland transects, 
with a greater accumulation of mercury occurring at the upland-wetland interface in 
deep peat riparian and headwater wetlands (Figure 1.1; p = 0.008; n=4).  However, 
there was no difference in the mercury pool at the edge of shallow peat riparian 
wetlands in comparison to the rest of the wetland transect, as the edge effect apparent 
in other wetland types appeared to extend across the entire transect in the (narrow) 
shallow peat riparian wetlands. 
Stoichiometry of mercury, carbon, nitrogen, and sulfur 
 Molar ratios in soil pools.  Molar ratios of mercury with carbon, nitrogen, and 
sulfur were quantified using total elemental pools in the top 50 cm of upland soil and 
in each wetland type.  The molar ratio of mercury to carbon (Hg:C) varied between 
mineral and organic soil horizons and among wetland types.  Within the upland soils, 
Hg:C ratio was almost 2x greater in the mineral horizon than in the organic horizon 
(Figure 1.2; p = 0.0464, n = 6 for each soil horizon).  There was no consistent 
difference in Hg:C between the mineral soils of the upland versus that in shallow peat 
riparian wetlands.  There was also no consistent difference between the Hg:C ratio in 
the upland organic horizon and peat at the wetland edge in all wetland types.  
However, the mean molar ratio of Hg:C from across the entire shallow peat riparian 
transect was greater than the mean Hg:C ratio across deep peat riparian and headwater 
wetland transects, regardless of edge effects (Figure 1.2, p < 0.01, n = 2 for each 
wetland type). 
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Figure 1.1.  Mercury pool size in soil substrates along transects across different 
wetland types of the Sunday Lake watershed in the western Adirondack region of New 
York State.  Bars represent mean total Hg pool in the top 50 cm of soil (n = 6 for 
upland; n = 2 for each wetland type).  Error bars show +/- 1SE of total mercury pool in 
upland soils, whereas bars show the range of total mercury content along transects in 
individual wetlands. Distances along these generalized transects are approximate.  
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Figure 1.2.  Mean accumulation of mercury per unit carbon, mercury per unit 
nitrogen, and mercury per unit sulfur in organic and mineral soil substrates of uplands 
and different wetland types in the Sunday Lake watershed located in the western 
Adirondack region of New York State.  Upland samples were taken 1m from the 
wetland edge, wetland edge samples were taken 1m from the upland edge, wetland 
mean represents mean accumulation across wetland transects.  Error bars associated 
with uplands show +/-1SE (n=6).  Error bars associated with wetlands show range 
(n=2). 
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 The spatial patterns of Hg:N across the study sites were similar to those for 
Hg:C.  The molar ratio of mercury to nitrogen (Hg:N) also varied in organic versus 
mineral soil horizons, and among wetland types (Figure 1.2).  Within upland soils, the 
Hg:N ratio was greater in the mineral soil horizon than in the organic soil horizon 
(Figure 1.2; p = 0.090, n = 6 for each soil horizon).  There was no consistent 
difference in Hg:N in the mineral horizons of the upland and shallow peat riparian 
wetlands.  The only exception to the similarity of spatial patterns of Hg:N and Hg:C 
was that, on average, the Hg:N ratio in the upland organic horizon was greater than in 
peat at the upland-wetland interface (i.e., the wetland edge; p = 0.070, n = 12) and 
across the entire wetland transect (p < 0.001, n = 12; Figure 1.2).  Among wetland 
types, and similar to  Hg:C patterns, the mean molar ratio of Hg:N across shallow peat 
riparian wetlands was greater than the mean molar ratio of Hg:N across deep peat 
riparian and headwater wetlands, regardless of edge effects (Figure 1.2; p < 0.05, n = 2 
for each wetland type). 
 In contrast to Hg:C and Hg:N, the molar ratio of mercury to sulfur (Hg:S) did 
not vary between organic and mineral soil horizons nor among wetlands (Figure 1.2).  
However, Hg:S was much greater in the uplands than in the wetlands overall (Figure 
1.2). 
 Elemental correlations within individual samples.  Correlations between 
mercury and carbon, mercury and nitrogen, and mercury and sulfur in individual 
samples across wetland transects and along peat depth profiles (Figure 1.3) clarified 
the variability of molar ratios described for soil pools (Figure 1.2) by showing how 
elemental relationships differ within the uplands and different wetland types in this 
study. 
 In the uplands, mercury in the A horizon and the B horizon was strongly 
correlated with carbon (Figure 1.3.a; p = 0.002, r2 = 0.73, n=10, and  p <0.001, r2 =  
16 
 
 
 
 
 
 
 
 
 
 
Figure 1.3.  Relationship between mercury and carbon, nitrogen, and sulfur 
concentrations in soil substrates of (a) uplands, (b) shallow peat riparian wetlands, (c) 
deep peat riparian wetlands, and (d) headwater wetlands in the Sunday Lake watershed 
in the western Adirondack region of New York State.  Wetland symbols that are 
closed represent areas not influenced by groundwater; whereas open symbols 
represent areas influenced by groundwater. 
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0.96, n=8, respectively) and nitrogen (Figure 1.3.a; p < 0.001, r2 = 0.82, n=10, and  p 
<0.001, r2 = 0.90, n=8, respectively), but not with sulfur (Figure 1.3.a; p = 0.14, r2 = 
0.25, n=10, and  p=0.48, r2 = 0.08, n=8, respectively).  A multiple regression analysis 
of the A and B horizon data together, revealed that carbon and nitrogen concentrations 
explained similar variability in the mercury concentrations, with only nitrogen 
explaining a unique portion of the variability (r2 = 0.87), whereas carbon adds very 
little additional explanatory power (additional r2 < 0.01).  In contrast to the upland 
mineral horizons, there was no statistically significant correlation between mercury 
and carbon, mercury and nitrogen, nor mercury and sulfur in the organic horizon of 
the upland forest soils (Figure 1.3.a).  When all of the upland soil data were 
considered together, the strong correlation between mercury and carbon, and between 
mercury and nitrogen, was lost at approximately ~15-20 mmols/g carbon and ~0.75-
1.0 mmols/g nitrogen (Figure 1.3.a). 
 In the shallow peat riparian wetlands, the relationship between mercury and 
carbon, and mercury and nitrogen (Fig 1.3.b), were similar to those shown for the 
upland soils (Figure 1.3.a).  Note that the relationship between mercury and carbon, 
and mercury and nitrogen, in one of the two shallow peat riparian wetlands did not 
plateau; however, in the range of carbon and nitrogen concentrations measured at that 
site (<20 mmols/g C, <1 mmols/g N, Figure 1.3.b), it remained consistent with the 
elemental relationship described for upland soils (Figure 1.3.a). 
 In the deep peat riparian and headwater wetlands, there was no statistically 
significant correlation between mercury and carbon, nor between mercury and 
nitrogen (Figure 1.3.c,d).  There was also no clear relationship between mercury and 
sulfur in the deep peat riparian wetlands (Figure 1.3.c).  In contrast, there was a strong 
correlation between mercury and sulfur in the peat of headwater wetlands (Figure 
1.3.d; p < 0.0001, r2 = 0.60, and p < 0.0001, r2=0.69, respectively) and this 
22 
relationship improved when edge sites were excluded from the analysis (r2 = 0.78).  
There was more mercury per unit sulfur in the forested headwater wetland (Slope 
1.14E-5, SE = 1.14E-6) as compared to the non-forested headwater wetland (Slope 
5.08E-6, SE = 3.72E-7).  Peat samples from the wetland edges, where there is 
groundwater influence at the break in the hillslope, tended to be outliers in elemental 
correlations. 
Depth profiles 
 Mercury concentrations decreased with increasing depth throughout all 
wetlands; however, peaks in mercury concentration in surficial substrates were more 
pronounced at the upland-wetland interface (Figure 1.4).  Note that mercury 
concentrations measured along peat depth profiles at the wetland edge generally 
exceeded the concentration of mercury along peat depth profiles across the rest of the 
wetland (Figure 1.4). 
 In the shallow peat riparian wetlands, mercury concentrations were greater in 
predominantly organic surficial horizons (Figure 1.4).  Carbon, nitrogen, and sulfur 
concentration also declined with depth as the percent organic matter declined; 
however, mercury, carbon, and nitrogen concentrations showed similar depth profiles, 
whereas sulfur did not. 
 In deep peat riparian and headwater wetlands, mercury concentration 
approached detection limit at depth.  Carbon concentrations changed little with depth.  
Although nitrogen and sulfur did vary with depth in the top 50cm of peat substrate, 
only the sulfur profile in the headwater wetlands seemed similar to its associated 
mercury profile. 
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Figure 1.4.  Depth profiles of mercury, carbon, nitrogen, and sulfur concentrations in 
representatives of different wetland types in the western Adirondack region of New 
York State.  Hollow symbols show wetland depth profiles 1m from the upland 
interface.  Solid symbols show mean concentration at each depth interval across 
wetland transects.  Error bars show +/- 1SE.   
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DISCUSSION 
A mechanistic framework for mercury retention and transport 
 The pool size of mercury varied across the upland-wetland interface, among 
wetland types, across individual wetland transects, and along depth profiles in soils of 
forests and wetlands of the Sunday Lake watershed.  The residence time of mercury in 
soils is long (i.e., at least tens to hundreds of years) and most soil ecosystems are not 
at steady state with respect to the biogeochemical cycling of mercury (Lindqvist et al. 
1991, Grigal et al. 2000, Schwesig and Matzner 2000).  Rates of input exceed rates of 
release, and soil mercury pool sizes are increasing.  Accumulated differences in the 
pool size of mercury across upland-wetland transects and along depth profiles results 
from differences in net retention (i.e., inputs - outputs) over long periods of time.  
Differences in the mechanisms controlling the retention of mercury within soils 
ultimately contribute to differences in the pool size and stoichiometry of mercury 
among ecosystems.  
 The chemical properties of mercury influence the mode of its transport and 
retention.  Mercury is a soft acid (a type B metal) and bonds strongly with soft ligands 
such as thiol (-SH) and sulfide (S2-), and organic S (cysteine) and N (lysine, histidine) 
(Stumm and Morgan 1995).  Thus, mercury transport and retention is often closely 
linked to organic matter (e.g., Meili 1991, Mierle and Ingram 1991), although specific 
mechanisms for the retention of mercury in natural soils might vary across hydrologic 
gradients.  In well drained, predominantly oxic soils, Hg(II) is predominantly bound to 
particulate and dissolved organic matter (e.g., Khwaja et al. 2006, and references 
therein).  Direct evidence from EXAFS shows that humic acids derived from forest 
soil organic horizons form bidentate complexes with mercury, with Hg(II) 
coordinating with one reduced sulfur (e.g., thiol) and one oxygen or nitrogen hetero-
atom (Xia et al. 1999, Skyllberg et al. 2000).   
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 In poorly drained or saturated anoxic soils, equilibrium calculations involving 
inorganic ligands predict that mercury sulfide complexation and precipitation should 
dominate the distribution of mercury between the aqueous and solid phase, thus 
limiting the mobility of mercury (Hurley et al. 1998b, Benoit et al. 1999, Drexel et al. 
2002, Benoit et al. 2003).  However, studies from the Florida Everglades have 
demonstrated that strong Hg(II) binding sites in peat actually compete with inorganic 
sulfide species (Drexel et al. 2002).  At environmentally relevant concentrations of 
mercury and realistically low Hg:DOM ratios, Hg-DOM complexes have greater 
conditional stability constants than Hg-inorganic sulfide complexes (Skyllberg et al. 
2000, Drexel et al. 2002, Haitzer et al. 2002, Ravichandran 2004).  Moreover, DOM 
has been shown to enhance the dissolution of cinnabar (HgS) (Ravichandran et al. 
1998, Ravichandran et al. 1999, Reddy and Aiken 2001, Waples et al. 2005).  Based 
on the strength of estimated Hg-DOM stability constants and the results of dissolution 
experiments of HgS by DOM, it appears that organic matter is capable of out-
competing sulfide for mercury in anoxic environments.  Thus, the retention and 
transport of mercury can be mechanistically coupled to organic matter in both uplands 
and wetlands of different hydrogeologic settings. 
Forest soil mercury pool: Evidence of mercury saturation? 
 The pool size of mercury in the top 50 cm of forest soils was greater than the 
mercury pool size in the top 50 cm of wetland soils; however, most of this mercury 
was associated with the mineral horizons underlying the organic horizon in the forest 
soils (Figure 1.1; also, see Results).  Atmospheric deposition of mercury to terrestrial 
ecosystems is greatly enhanced by the forest canopy (Rea et al. 2000, 2001, St Louis 
et al. 2001, Rea et al. 2002, Miller et al. 2005).  In the Sunday Lake watershed, 
mercury inputs to the forest floor are roughly 3-6x atmospheric mercury deposition to 
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open sites (Demers et al. 2007).  These mercury inputs are approximately 1.5-3x 
greater than mercury export from the forest floor, and more than an order of 
magnitude greater than leaching losses from mineral soil horizons (Demers et al. 
2007).  Whereas the residence time of mercury in the forest organic soil pool is on the 
order of 100s of years, the residence time of the mercury in the forest mineral soil pool 
is on the order of 1000s of years (Demers et al. 2007). 
 Mercury entering the forest floor via leaf litter or throughfall is already 
associated with particulate or dissolved organic matter.  During decomposition of 
organic matter in forest organic horizons, the concentration of mercury increases (Hall 
and Louis 2004, Demers et al. 2007).  Eventually, decomposition of organic matter 
releases dissolved organic matter (along with its complexed mercury), which is 
hydrologically transported into the mineral soil where it is immobilized through the 
process of podzolization.  Thus, the distribution of mercury in forest soils is an 
emergent property of the interaction of multiple processes: decomposition, hydrologic 
transport, and the physicochemical fractioning of organic matter between the dissolved 
and adsorbed phases (sensu Schuster 1991).  
 Despite known mechanisms of mercury retention by reduced sulfur groups in 
organic matter, there was no correlation between mercury and sulfur either in the 
organic or mineral soils of the upland forest soils.  Note that only a fraction of the total 
sulfur in organic matter is reduced sulfur (e.g., Xia et al. 1999, Skyllberg et al. 2000, 
Ravichandran 2004) and only a fraction of the reduced sulfur is available for binding 
with mercury (e.g., Skyllberg et al. 2000).  There was also no correlation between 
mercury and carbon, nor mercury and nitrogen in the forest soil organic horizon.  
Nonetheless, this lack of elemental correlations with mercury does not necessarily 
mean that mercury retention is not associated with organic matter or reduced sulfur 
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content, but simply that the over-abundance of available binding sites poses no limit 
on the amount of mercury bound with the organic matter (Hurley et al. 1998a). 
 In contrast, mercury was highly correlated with both carbon and nitrogen 
within the mineral soils of the upland forests (Figure 1.3).  These observations lend 
support to the hypothesis that mercury is involved in bidentate complexation with one 
reduced sulfur and one nitrogen hetero-atom (e.g., Skyllberg et al. 2000, Hesterberg et 
al. 2001).  As suggested by Skyllberg (2000), the quantity of reduced sulfur binding 
sites actually occurring in close proximity to reduced nitrogen binding sites may 
significantly reduce the quantity of strongest binding sites available to complex with 
mercury. 
 Numerous calculations over the past decade have demonstrated that the 
quantity of reduced sulfur sites present in organic matter is multiple orders of 
magnitude greater than environmentally relevant concentrations of mercury 
(Ravichandran 2004).  However, the distinct patterns in elemental stoichiometry 
(Hg:C, Hg:N; Figure 1.3) observed in the upland forest soils challenge the notion that 
the binding capacity of organic matter cannot be saturated under natural environmental 
conditions.  In the upland forest organic soil horizon, mercury is not well correlated 
with carbon, nor nitrogen.  Lack of elemental correlation in these predominantly 
organic horizons suggests that the supply of mercury is limited relative to the 
numerous potential binding sites for mercury.  Applying similar logic to the mineral 
soil horizon leads us to the opposite conclusion, that the quantity of potential binding 
sites for mercury in the mineral soil horizon is limited relative to the supply of 
mercury (i.e., binding sites appear saturated).  However, as previously discussed, 
mercury accumulating in the mineral horizon is likely transported to depth along with 
DOM, with which it was already complexed in the organic soil horizon.  As 
decomposition proceeds, the concentration of mercury associated with the dissolved 
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organic matter that is produced and released from the organic soil horizon appears to 
converge upon an Hg:C and Hg:N ratio that serves as an upper limit to Hg:C and 
Hg:N ratios throughout the forest soil profile.  Thus, the observed patterns in the 
mineral soil horizon could result, in part, from a relatively fixed stoichiometry 
associated with decomposition products. 
Cross site comparison of forest soil mercury pools 
 Mercury concentrations measured in the forest floor (mean = 235 ng/g,  SE = 
22 ng/g, n = 8), A horizon (mean = 135 ng/g, SE = 27 ng/g, n = 10), and B horizon 
(mean = 52 ng/g, SE = 14 ng/g SE, n = 8) in this study were nearly double the mean 
mercury concentration in the forest floor (140 ng/g) and mineral soils (20 ng/g) 
reported for the north-central USA, and were greater than the mode for natural and 
arable soils from Europe (Grigal 2003).  In my study, the mean ratio of Hg:C was 
~2.5x greater in the mineral soil (mean of B horizon = 10.3 x 10-8, SE = 2.9 x 10-8) 
than in the organic horizon (mean of FF horizon = 4.0 x 10-8, SE = 5.2 x 10-9); this is 
similar to the nearly 2-2.5x greater Hg:SOM ratio in the mineral versus organic 
horizons reported by Grigal (2003) for the north-central USA and Sweden.  These data 
also show that the variability in that relationship is much less in the mineral soil than 
in the overlying organic matter.  Grigal (2003) suggests that these patterns result from 
C mineralization at a greater rate than mercury.  However, decomposition also has 
been shown to concentrate mercury in leaf litter (and organic horizons), increasing the 
mass of mercury beyond what can be accounted for by deposition alone (Demers et al. 
2007).  Both mineralization of carbon, and translocation to and immobilization of 
mercury in the organic horizon, together, are mechanisms that would result in the 
concentration of mercury and increase the Hg:C ratio of decomposition products 
released from the forest floor and transported into mineral horizons. 
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 Grigal (2003) emphasizes the close relationship between Hg and SOM with a 
review of forest soil organic horizons from Sweden, Norway, and the north-central 
USA, indicating that similar changes in Hg concentration with changes in SOM 
occurred at all sites, with the Swedish data having the highest intercept and the data 
from the USA having the greatest slope.  However, data from the organic horizon of 
forest soils in my study showed no statistically significant relationship between 
mercury and carbon.  In my study, the correlation between mercury and carbon 
became significant through the transition from the organic horizon to the underlying 
mineral horizons (A and B horizon), with the strongest correlation in the mineral B 
horizon. 
 Grigal (2003) does point out that the slope of the relationship between Hg and 
SOM is widely variable, with the slope value in the forest floor (0.29) being less than 
the slope value in the mineral horizon (0.44).  Stoichiometry also varied with depth, 
with Hg:C increasing with depth.  His review found that the average ratio for surface 
organic horizons was (4.2 x 10-8 mol Hg per mol C), increasing in the A, B, and C 
horizons (9.0 x 10-8, 15.0 x 10-8, and 22.8 x 10-8 mol Hg per mol C, respectively; units 
converted for data in Grigal 2003, and references therein).  The stoichiometry of 
mercury and carbon was similar in my study, increasing with depth from the forest 
floor (4.0 x 10-8 mol Hg per mol C) to the mineral A and B horizons (6.6 x 10-8, and 
10.3 x 10-8 mol Hg per mol C, respectively).  Grigal (2003) suggests that vertical 
variation in the Hg-SOM stoichiometry may be related to historical loading, degree of 
mineralization, or the relative amount of reduced sulfur groups.  However, note that 
despite differences in regional mercury deposition and soil concentrations across the 
world, Hg:C converge toward similar values.  This seems somewhat unlikely if 
historic loading alone was responsible for the pattern.  Thus, this cross-site 
comparison is consistent with the possibility that biological processes (e.g. carbon 
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mineralization and mercury immobilization during decomposition) governs the 
concentration of mercury in organic horizons and its release to the mineral soils with 
DOC.   
 The stoichiometry between mercury and sulfur varies.  Data from the north-
central USA show a more constant relationship between Hg-S than Hg-SOM, and Hg-
S stoichiometry of the organic and mineral horizon did not differ, implying that 
differences in Hg concentration simply reflected changes in S concentration.  In my 
study, soil pool data showed a similar relationship between Hg-S in the upland organic 
and mineral soil (Figure 1.2), and the Hg-S ratio within and among wetlands did not 
vary, though it was much lower than the Hg-S ratio of the uplands (Figure 1.2).  
However, in the uplands, mercury and sulfur were not correlated at the scale of 
individual samples, whereas mercury and nitrogen were strongly correlated.  
Wetland mercury soil pool: Importance of wetland type and hydrogeologic setting 
 The presence of wetlands and the occurrence of different wetland types are a 
function of the landscape and hydrological processes.  Given the close coupling of 
mercury with organic matter, and the apparent influence of decomposition on the 
transport and fate of mercury observed in upland soils, it is possible that 
hydrogeologically driven differences in decomposition in different wetland types also 
influence the retention and transport of mercury in wetland soils. 
 Shallow peat riparian wetlands.  Shallow peat riparian wetlands had larger 
mercury pool sizes than deep peat riparian and headwater wetlands (to a depth of 
50cm).  Patterns of mercury retention within the shallow peat riparian wetlands 
resembled patterns of retention within the upland soils, rather than patterns of 
retention in the other (more hydrologically saturated) wetlands.  As observed for the 
forest soils, much of the mercury pool within shallow peat riparian wetlands was 
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within mineral soils underlying the organic peat soils.  In comparison to other 
wetlands in this study, these riparian wetlands have a shallow accumulation of peat 
(not exceeding ~35cm).  Although anoxic conditions do exist in these shallow peat 
riparian soils (as evidenced by the presence of reduced iron and sulfide in porewaters; 
see Chapter 3), the hydrology is both seasonally and episodically dynamic, and much 
of the organic horizon is not permanently saturated, thus promoting (fast, efficient) 
aerobic decomposition.  Furthermore, upwelling groundwater provides a supply of 
alternate electron acceptors (e.g., nitrate, sulfate, iron) and the fluctuating water table 
provides a mechanism for the recycling of electron acceptors between their reduced 
and oxidized forms.  Thus, I suggest that organic matter decomposition is relatively 
rapid in the shallow peat riparian wetlands, and decomposition of organic matter 
within the peat is a source of dissolved organic carbon and associated mercury that can 
be transported to the underlying mineral soil horizons.  The coarse matrix of soils 
below the shallow riparian peat is enriched in organic matter contributed from the 
overlying peat, and mercury associated with this organic matter may be more 
hydrologically mobile than the mercury retained in podzolized upland soils.   
 Elemental stoichiometry in the shallow peat riparian wetlands resembled 
elemental stoichiometry observed in the upland forest soils.  Mercury was well 
correlated to carbon and nitrogen concentrations within the mineral soil, and in 
general, the correlation was strong in soils with a carbon content of less than ~15 - 20 
mmol C/g and a nitrogen content of less than ~0.75 – 1.0 mmols N/g.  Whereas there 
was no statistically significant correlation between mercury and sulfur in the upland 
forest soils, Hg:S followed similar patterns as Hg:C and Hg:N in the shallow peat 
riparian wetlands, although the correlation was weaker than for carbon and nitrogen.  
Thus, similar mechanisms might control the distribution of mercury in upland forest 
soils and shallow peat riparian wetlands: predominantly aerobic decomposition of 
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organic matter and subsequent transport and retention of decomposition products and 
associated mercury into the mineral horizon. 
 Headwater wetlands.  Overall, mercury pool size was smallest in the 
headwater wetlands (to a depth of 50 cm).  Deep peats form as a result of slow 
decomposition (relative to primary production); and this slow decomposition is the 
result of a consistently high water table that maintains saturated, anoxic conditions 
within the peat and promotes (slow, inefficient) anaerobic decomposition (Mitch and 
Gosselink 2000).  Moreover, these headwater wetlands are predominantly 
ombrotrophic (away from their edges), and thus limited groundwater contributions 
constrain the supply of alternate electron acceptors, further limiting microbial 
decomposition.  Thus, the hydrogeologic setting of the headwater wetlands provides a 
fundamentally different environment for the biogeochemical cycling of elements that 
influences both the rate and mode of decomposition, and perhaps, the biogeochemical 
cycling of mercury.   
 Elemental stoichiometry of mercury, carbon, nitrogen, and sulfur in the deep 
peat of the headwater wetlands was distinctly different from elemental stoichiometry 
in uplands and shallow peat riparian wetlands.  In contrast to the shallow peat riparian 
and upland soils, there was no correlation between mercury and carbon, nor mercury 
and nitrogen, in the peat of the headwater wetlands.  However, there was a strong 
correlation between mercury and sulfur in the headwater wetlands.  There are at least 
two alternative mechanisms that could explain these patterns.  One possible 
mechanism is the co-deposition of sulfur and mercury from the atmosphere, which are 
subsequently immobilized together within the peat.  Benoit et al. (1994) suggested 
that, on the basis of inorganic mercury speciation, mercury was immobile within the 
peat profile; however, recent isotopic evidence indicates that sulfur is not immobile 
within the peat profile, migrating vertically down through the peat subsequent to 
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deposition (Novak et al. 2005).  Thus, a simple model of co-deposition and 
immobilization as inorganic mercury sulfide alone does not seem to be a complete 
explanation for the strong correlation between mercury and sulfur in the headwater 
peat.   
 Another possible mechanism for the strong correlation between mercury and 
sulfur in wetland peat involves the biogeochemical cycling of sulfur, in conjunction 
with strong mercury-DOM binding.  The proportion of total sulfur as organic sulfur in 
sphagnum peat wetlands typically exceeds 90% (Germida 2005) with 90% of the 
organic sulfur typically involved in carbon-sulfur bonds; however, available sulfate 
rapidly cycles via microbial sulfate reduction (Wieder and Lang 1988).  Turnover of 
the sulfate and inorganic sulfur pool is rapid (i.e., hours and days, respectively), 
whereas the turnover of carbon bonded sulfur is slow (i.e., years,  Wieder and Lang 
1988).  Thus, most inorganic additions of sulfur are eventually incorporated into the 
organic sulfur pool.  Net sulfur immobilization dominates when the substrate molar 
ratio of C:S >400, whereas net sulfur mineralization dominates when the substrate 
molar ratio of C:S < 200 (Germida 2005).  In addition to the significant correlation 
between mercury and sulfur in headwater wetland peat (Figure 1.3), mercury 
concentration increases exponentially with decreasing C:S ratio (Figure 1.5).  The rate 
of increase in mercury concentration becomes markedly greater between a C:S ratio of 
200-400, and asymptotes as the C:S ratio approaches 200, the theoretical break-point 
for net microbial sulfur mineralization (Figure 1.5). 
 The strong correlation between mercury and the C:S ratio suggests a biological 
influence on the retention of mercury in the headwater wetlands; however, the 
mechanism ultimately controlling retention may be either biotic or abiotic, or the 
interaction of both.  As the C:S ratio decreases, mercury binding site density increases.  
As sulfur mineralization becomes dominant, more inorganic sulfur would enter into  
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Figure 1.5.  Relationship between mercury and C:S ratio in headwater wetland peat in 
the Sunday Lake watershed in the Adirondack region of New York State.  Wetland 
symbols that are closed represent areas not influenced by groundwater; whereas open 
symbols represent areas influenced by groundwater. 
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the rapidly cycling inorganic sulfur pool, possibly promoting formation of HgS 
complexes and precipitates. As sulfur rapidly cycles through inorganic sulfur pools via 
biologically mediated reduction and oxidation, some of this sulfur reacts with organic 
matter to form C-S bonded sulfur with a much longer turnover time.  Wieder and Lang 
(1988) suggest that organic S formation by dissimalatory reduction of sulfate to H2S 
and subsequent reaction of H2S with organic matter dominates over organic S 
formation by assimilatory reduction.  Moreover, recent research shows that dissolved 
organic matter can compete with cinnabar in binding mercury (e.g. Drexel et al. 2002), 
and that much of the mercury in organic-rich environments may indeed be associated 
with the organic sulfur pool, even in the presence of sulfides.  It is possible that the 
cycling of mercury through inorganic and organic pools also results in the 
predominance of binding association of mercury with organic sulfur.  Retention, 
mobility, and transport of mercury in saturated wetland peat is likely a complex 
interaction between inorganic and organic pools of sulfur and associated mercury; 
further research quantifying these complex interactions between the inorganic and 
organic biogeochemical cycling of sulfur and mercury is a critical next step for 
understanding the future fate of the large pools of mercury stored in wetland 
environments. 
Edge effects and evidence of upland-wetland connectivity 
 Differences in mercury pool size across upland-wetland transects is suggestive 
of wetland retention of mercury inputs derived from the uplands.  This edge effect, the 
increased mercury pool size at the upland-wetland interface, is likely the result of a 
combination of different mercury fluxes including: (1) increased atmospheric 
deposition along the forest-edge (e.g., Weathers et al. 2000, Weathers et al. 2001); (2) 
direct inputs of litter from the forest canopy to the adjacent wetland (St Louis et al. 
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2001); (3) shallow lateral interflow from forested hillslopes into wetlands (Branfireun 
et al. 1998); and (4) upwelling of groundwater at the break in slope at the upland-
wetland interface (e.g., Winter 1988, 1992) that may contribute DOC and associated 
mercury (Krabbenhoft and Babiarz 1992). 
 Increased mercury pool size at the upland-wetland interface was most evident 
in the deep peat riparian and headwater wetlands, possibly due to lower hydraulic 
conductivity or lower hydrologic flux through these zones, thus limiting mobility of 
deposited mercury.  In the shallow peat riparian wetlands, the total pool size at the 
upland-wetland interface was similar to the mercury pool size across the rest of the 
wetland transect, whereas mercury concentrations at shallow depths alone (dominated 
by organic matter rather than mineral soil) were greater at the upland-wetland edge.  
This pattern reflects that pool sizes in the shallow peat riparian wetland were strongly 
influenced by the mineral soil horizon.  The edge-effect apparent in the organic 
horizon is likely influenced by increased deposition (throughfall and litter) at the 
forest-edge.  Shallow lateral interflow and upwelling groundwater would likely have a 
stronger influence on the mineral soil mercury pool throughout the wetland. 
 Edge effects also influenced elemental stoichiometry.  In the uplands and 
shallow peat riparian wetlands where apparent edge-effects influenced most of the 
narrow wetland corridor, the elemental stoichiometry of edge samples was similar to 
the stoichiometry in samples from across the remainder of the wetland.  However, in 
deep peat riparian and headwater wetlands, the stoichiometry of samples from edges 
tended to be outliers when compared to the samples from across the remainder of the 
wetland transect (Figure 1.3).   
 Differences in mercury pool sizes among wetlands of a single wetland type, or 
within an individual wetland could be further explained by differences in groundwater 
hydrology and vegetation.  Differences in mercury accumulation within deep peat 
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riparian wetlands coincided with differences in groundwater hydrology.  Transect 
points within the deep peat riparian wetlands that were associated with discharge 
gradients (i.e., upwelling) accumulated more mercury in surficial peat substrates than 
transect points with recharge gradients (i.e., downwelling; Appendix A, Appendix B).  
Differences in mercury pool size in peat substrates of the headwater wetlands 
coincided with differences in vegetation, with the sphagnum-dominated bog 
accumulating less mercury than its forested counterpart.  Also, greater mercury 
accumulation in headwater wetland peat appeared to coincide with increases in forest 
canopy cover along an individual transect. 
CONCLUSIONS AND IMPLICATIONS 
 Wetlands of differing hydrogeologic setting differ in the magnitude of the pool 
size and elemental stoichiometry of accumulated mercury.  If process can be inferred 
from pattern, then it is likely that the mechanism responsible for the retention of 
mercury in uplands and varying wetland types also differs.  Hydrology governs the 
rate and mode of decomposition in wetlands of differing hydrogeologic setting by 
influencing the extent and duration of saturation, and the supply of nutrients and 
alternate electron acceptors.  The resulting differences in decomposition processes, 
biogeochemical cycling and recycling of mercury, and the extent of subsequent 
hydrologic transport influences the size, distribution, and stoichiometry of mercury 
pools across the upland-wetland interface, along peat depth profiles, and among 
wetlands of varying hydrogeologic setting.  This research illustrates the importance of 
considering wetland type in our assessments and modeling of terrestrial effects on 
mercury in surface waters at landscape scales.     
 Upland-wetland connectivity appears to influence the quantity of mercury in 
wetland soil pools, and the distribution of those pools along depth profiles and across 
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the wetland landscape.  It is possible that the connectivity evidenced by differences in 
pool sizes of mercury might also affect mercury transformations within, or mercury 
fluxes from, wetlands of varying hydrogeologic setting.  Quantifying mercury 
transformations within and fluxes from these different wetland types is a critical next 
step in determining the ultimate effect of this upland-wetland connectivity upon the 
loading of mercury from terrestrial and wetland ecosystems to surface waters and is 
necessary to improve predictions of the response of those surface waters to decreases 
in mercury emissions and deposition. 
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CHAPTER TWO: 
THE INFLUENCE OF HYDROGEOLOGIC SETTING ON THE 
CONCENTRATION, FLUX, AND RESIDENCE TIME OF 
MERCURY AND METHYL MERCURY IN DIFFERENT WETLAND TYPES. 
ABSTRACT 
 Wetlands influence the supply of mercury and methyl mercury to aquatic 
ecosystems.  However, the influence of different wetland types on the transformation, 
release, and transport of mercury to surface waters remains unclear.  This study 
quantifies the hydrology; the concentration and flux of methyl mercury; and the 
concentration, flux, and residence time of total mercury in wetlands of different 
hydrogeologic setting in the Adirondack region of New York State.  Headwater 
wetlands were characterized by a consistently high water table and strong recharge 
gradients; whereas riparian wetlands were characterized by a more dynamically 
fluctuating water table and moderate discharge gradients.  Total mercury and methyl 
mercury concentrations in peat porewater, outlets, and streams peaked during late 
summer, when water table elevations were low and soil water temperatures were high.  
In April and June, total mercury and methyl mercury concentrations were greater in 
headwater wetland peat porewater and stream water as compared to shallow peat 
riparian wetlands.  In August, total mercury concentrations remained greater in 
headwater wetlands than in shallow peat riparian wetlands, whereas methyl mercury 
concentrations in riparian wetlands increased to concentrations similar to the methyl 
mercury concentrations in headwater wetlands.  By November, when water tables had 
risen and temperatures had decreased, headwater outlet concentrations of mercury and 
methyl mercury again exceeded concentrations in riparian streams; however, peat 
porewater concentrations remained similar.   
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 Flow path analysis revealed a decrease in mercury and methyl mercury stream 
water concentrations from headwater wetland outlets through a series of riparian 
corridors through the watershed, suggesting a dilution effect from the contribution of 
groundwater lower in mercury concentrations, or the degradation of methyl mercury.  
 The stoichiometry of mercury with organic carbon differed in porewater and 
stream water among wetland types.  Differences in stoichiometry suggested that the 
supply of mercury was limited relative to DOC binding sites in headwater wetlands , 
whereas mercury:carbon ratios converged toward a maximum in riparian wetlands , a 
condition suggestive of mercury saturation.   
 Seepage flux estimates of mercury and methyl mercury were similar in 
headwater and shallow peat riparian wetlands (mean Hgd = 5.4 ug*yr-1, SE = 2.4 
ug*yr-1; mean MeHgd = 1.01 ug*yr-1, SE = 0.56 ug*yr-1; Table 2.2); whereas the 
fluxes of Hgd and MeHgd from deep peat riparian wetlands were relatively small 
(mean Hgd = 0.6 ug*yr-1, SE = 0.6 ug*yr-1; mean MeHgd = 0.16 ug*yr-1, SE = 0.16 
ug*yr-1; Table 2.2).  These fluxes suggest a mean residence time for mercury of 590 
years (SE = 69) for headwater wetlands and shallow peat riparian wetlands; whereas 
the mean residence time was >10,000 years for deep peat riparian wetlands.  Seepage 
flux estimates and the associated residence time of mercury were more strongly 
dependent upon hydrological parameters than differences in mercury concentrations in 
different wetland types.  Because these estimates of seepage flux were two orders of 
magnitude smaller than previously measured stream water export from the watershed 
to the lake, it suggests that preferential flow paths, or deeper flow paths, or both, may 
contribute to mercury release and transport from wetlands to aquatic ecosystems in the 
Sunday Lake watershed.  Whereas hydrogeologic setting may not result in large 
differences in fluxes of mercury from wetlands to surface waters, hydrogeologic 
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setting does fundamentally influence the mechanisms responsible for retention, 
release, and transport of mercury from different wetland types.  
INTRODUCTION 
 Anthropogenic emissions of mercury to the atmosphere have increased 
mercury deposition that, in turn, has increased mercury contamination of surface 
waters (Mason et al. 1994, Lorey and Driscoll 1999, Kamman and Engstrom 2002).  
In many regions around the world, including the Adirondack region of New York 
State, this has resulted in the bioaccumulation of methyl mercury (MeHg) in fish 
tissue to concentrations that exceed EPA recommendations for human consumption 
and pose health risks to wildlife (Driscoll et al. 1994, Evers and Clair 2005).  
 Wetlands have been identified as a feature of mercury-sensitive landscapes 
because they influence the supply of total mercury and methyl mercury to adjacent 
surface waters (Driscoll et al. 2007, Evers et al. 2007).  In general, the role of wetlands 
has been inferred from watershed-scale studies that correlate the abundance of 
wetlands within terrestrial ecosystems to concentrations of mercury and methyl 
mercury in down-gradient aquatic ecosystems (Mierle 1990, Driscoll et al. 1995, 
Hurley et al. 1995, Babiarz et al. 1998).  However, fewer studies have attempted to 
quantify the influence of different wetland types across the landscape.  St Louis et al. 
(1996) found no consistent differences in yields of total mercury related to wetland 
type, percentage wetland area, or annual water yield in the boreal forest of the 
Experimental Lakes Area (Ontario, Canada).  That investigation did find that a basin 
wetland consistently had the greatest flux of methyl mercury and suggested that 
differences among wetland types stemmed from differences in the internal hydrology 
of the wetlands (St Louis et al. 1996).  Studies that have compared fluxes from 
different wetland types, or have related mercury concentration or flux in stream water 
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to the areal extent of wetlands within watersheds, provide a near consensus that 
hydrological processes are a primary factor influencing the transformation and fate of 
mercury across upland-wetland landscapes.  However, few studies have attempted to 
quantify the hydrological factors that may underlie wetland influence on mercury 
supply to surface waters, and the influence of different wetland types on the 
biogeochemical cycling of mercury remains unclear.   
 In this study, we use hydrogeologic setting as a framework within which to 
quantify differences in the biogeochemical cycling of mercury among different 
wetland types in the Adirondack region of New York State.  The distribution of 
different wetlands types across the landscape is a manifestation of local and regional 
hydrological processes, and the interaction of those hydrological processes with 
geological characteristics (see Chapter 1).  Thus, the hydrogeologic setting of a 
wetland links landscape position and surficial geology to the resulting hydrologic 
regime and water chemistry, as well as the chemistry and accumulation of wetland 
soils (as summarized in Chapter 1, Winter 1988, Winter and Woo 1990, Winter 1992, 
Bedford 1996, Hill and Devito 1997, Bedford 1999).  A more detailed articulation of 
the concept of hydrogeologic setting, as well as the application of this concept to the 
wetlands of the Sunday Lake watershed can be found elsewhere (i.e., Bedford 1996, 
Bedford 1999, see Chapter 1, respectively).  The hydrogeologic setting of a wetland 
influences hydrologic flux to and through wetlands, water table level and fluctuation, 
and thus the duration of soil saturation, as well as the supply of nutrients and electron 
acceptors.  Together, these hydrological and geochemical factors influence the 
biogeochemical pathways of decomposition; soil saturation results in anoxic 
conditions and the availability of alternate electron acceptors influences which 
anaerobic decomposition pathways dominate (e.g., denitrification, iron reduction, 
sulfate reduction).  Mercury methylation is commonly attributed to bacterial sulfate 
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reduction (Benoit et al. 2003), and mercury transport is commonly attributed to the 
transport of dissolved organic carbon (Driscoll et al. 2007); thus, hydrogeologically 
linked factors ultimately control mercury transformations, and the production and 
release of dissolved organic matter (DOM) on which mercury transport to surface 
waters is dependent. 
 The objective of this study was to quantify the concentration, flux, and 
residence time of mercury within wetlands of different hydrogeologic settings.  I 
compare predominantly ombrotrophic headwater bogs influenced primarily by 
precipitation, with riparian wetlands that are strongly influenced by groundwater and 
surface water.  By focusing on these hydrogeologically disparate wetlands within a 
single watershed, I contrast the role of different wetland settings in determining 
mercury and methyl mercury concentrations in peat porewater, and the release of 
mercury and methyl mercury from wetlands to surface waters. 
METHODS 
Site description 
 The Sunday Lake watershed (~1273 ha) is located along the southwestern 
boundary of the Adirondack region of New York State, USA (43o51’40” N, 
74o06’07”W).  Average precipitation is ~1300 mm/yr (1971-2000 mean, with about 
30% delivered as snow; data from Big Moose Station and online at 
http://climod.nrcc.cornell.edu; see Chapter 1).  The upland soils are mostly well 
drained spodosols (Typic Haplorthods) with sandy loam to loamy sand texture 
overlying glacial till or glacial outwash (see Chapter 1).  Eskers are a distinct feature 
of the landscape in the Sunday Lake watershed, forming a complex series of ridges 
and depressions and resulting in the occurrence of numerous wetlands. A more 
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detailed description of the Sunday Lake watershed and its wetlands is available 
elsewhere (see Chapter 1). 
Wetland transects and instrumentation 
 Nested clusters of water table wells and piezometers were placed along upland-
wetland transects previously established for wetland peat coring (see Chapter 1).  In 
riparian wetlands, one nested well cluster was placed one meter into the wetland from 
the upland-wetland interface, a second nested well cluster was placed midway 
between the upland-wetland interface and the stream channel, and a third nested well 
cluster was placed one meter from the edge of the stream.  In headwater wetlands, 
additional clusters were used to quantify the influence of open water and changes in 
overstory vegetation along each transect. 
 Each nested well cluster was comprised of two water table wells and two 
piezometers.  Each water table well extended to 50 cm depth, and was slotted long its 
entire length from the surface of the peat to its tip.  One water table well was made of 
Teflon, for sampling porewater chemistry.  The second water table well was used for 
hydrological measurements.  The two piezometers were at different depths.  The tip of 
one piezometer was placed at the midway point between the peat surface and the 
underlying mineral soil.  The tip of the second piezometer was placed into the mineral 
soil below the accumulation of organic peat in each wetland.  Each piezometer was 
slotted along a 10 cm segment at its tip.  A staff gauge was installed at each headwater 
outlet and in each stream to monitor water level. 
Hydrologic measurements 
 Water table wells, piezometers, and staff gauges were surveyed in order to 
determine their relative elevation in each wetland.  During each sampling period, 
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water level heights were recorded in water table wells, piezometers, and at staff 
gauges.  Water level data were used to determine water table elevation and calculate 
piezometric gradients across each wetland.  Hydrologic data were summarized in 
longitudinal cross sections of each wetland transect and flow nets were constructed in 
order to characterize hydrologic flow through each wetland.  Hydraulic conductivity 
was measured at each nested well cluster with a Horslev piezometer test (i.e., bail 
tests, Freeze and Cherry 1979).  
Sampling procedures 
 Peat porewater, headwater outlets, and streams associated with riparian sites 
were sampled seasonally (April, June, August, September, November/December).  
Peat porewater samples were pumped from Teflon water table wells at each well 
cluster in each wetland.  Samples were pumped through Teflon tubing into a 
borosilicate glass reservoir, and then transferred to Teflon bottles in the field, using 
clean procedures (USEPA 1996).  Separate tubing and reservoir equipment was used 
for each wetland.  All tubing and reservoirs were thoroughly rinsed with ultra-pure de-
ionized water and cleaned in a 20% hot nitric acid bath between seasonal sampling 
periods.  Glass reservoirs were stored with 1% hydrochloric acid, rinsed with ultra-
pure de-ionized water prior to sampling campaigns, and additionally rinsed with 
sample water in the field.  Outlet and streamwater samples were collected directly into 
Teflon bottles, using clean procedures (USEPA 1996).  Water samples were double 
bagged, with labels attached to only the outer bag.  Samples for analysis of dissolved 
organic carbon (DOC) were collected in high-density polyethylene sample bottles and 
filled to minimize headspace.  Samples were packed in coolers with ice packs, and 
returned to the laboratory for processing.  Sample filtering and preservation occurred 
upon arrival at Syracuse University within 48 hours of sampling. 
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Sample analyses 
 Samples for analysis of mercury and methyl mercury were filtered through a 
clean 0.45 µm Teflon membrane.  For outlet and stream water samples, both filtered 
and unfiltered aliquots were acidified to 0.4% with hydrochloric acid and stored in the 
dark at 4C until analysis.  For porewater samples, only the filtered fraction was 
preserved and stored for analysis.  The concentration of total mercury (all forms of 
mercury) was determined for both unfiltered (Hgt) and filtered (Hgd) samples, and the 
concentration of particulate bound mercury (Hgp) was estimated by difference (i.e., 
Hgp = Hgt – Hgd).  Prior to analysis for Hgt, samples were subjected to UV light 
treatment to remove measurement interferences (i.e., high concentrations of DOC).   
Mercury concentrations were quantified according to EPA Method 1631 using 
automated CVAFS (Tekran, Toronto, Ontario, Canada, USEPA 1998).  The 
concentration of methyl mercury was also determined for both unfiltered (MeHgt) and 
filtered (MeHgd) samples.  Methyl mercury samples were distilled and analyzed 
following EPA Method 1630 (USEPA 2001, Revision E).  Dissolved organic carbon 
concentrations were determined for filtered samples (0.7 µm glass fiber filter, pre-
baked at 450oC) with a Dohrmann Phoenix 8000 Analyzer using the persulfate-
ultraviolet oxidation method (APHA 1998).  Samples were analyzed in batches with 
quality control that included field blanks and duplicates, independent primary and 
secondary source standards, method detection limit check standards, analysis of 
appropriate certified reference materials, matrix spike and matrix spike duplicate 
samples to verify the absence of sample matrix interferences, as well as initial and 
ongoing calibration verification standards, initial and ongoing calibration blanks, and 
initial and ongoing precision and recovery standards. 
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Wetland peat leaching experiment 
 The amount of mercury available for immediate release from different wetland 
types to downstream environments was quantified using a simple repeat leaching 
experiment of wetland peat soils and a synthetic precipitation as an extractant.  One 
peat core (50 cm depth) was collected adjacent to the headwater outlet or riparian 
stream in each wetland.  Each core was homogenized, and extracted repeatedly (10 
cycles) using a synthetic precipitation of similar pH and ionic strength to precipitation 
measured at Huntington Forest, Newcomb, New York.  Synthetic precipitation was 
acidified to pH 4.9 with sulfuric acid, and brought to the correct ionic strength (6.1 x 
10-5 mols/L) with calcium chloride.  Extraction slurries were 2L in volume, with a 2:1 
ratio of extractant volume to sample volume.  Each cycle of the extraction was shaken 
for 12 hours at 4-8 oC, and peat samples were kept cold and in the dark throughout the 
experiment.  Extractions were not kept strictly anaerobic; however, extractant solution 
and headspace of each Teflon extraction unit were sealed and degassed with ultra-pure 
nitrogen at the beginning of each leaching cycle.  Each leaching cycle lasted 
approximately 2 days; at the end of each 2-day cycle, samples were pressure filtered 
through a 0.45um teflon membrane filter.  Subsamples for mercury analysis were 
transferred to teflon bottles and acidified to 0.4% with hydrochloric acid; subsamples 
for DOC analysis were transferred to glass vials with no headspace.  Mercury and 
DOC analyses were analyzed as described for field collected samples (see Methods, 
Sample Analyses).  
Flux and residence time calculations 
 Hydrologic fluxes were calculated as seepage face fluxes (e.g., Dunne and 
Leopold 1978) at the outlet in headwater wetlands and at streamside in riparian 
wetlands according to Darcy’s Law: 
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     Q = AK(Δh/Δl)   (2.1) 
 
where Q is the rate of flow (m3/day), A is the cross sectional area of flow (m2), K is 
the hydraulic conductivity (m/day), Δh is the difference in water table elevation across 
the wetland transect, Δl is the distance between measurement points along the 
flowpath, and thus (Δh/Δl) represents the hydraulic gradient of the water table (Dunne 
and Leopold 1978).  Because we hypothesized that the less decomposed and more 
biologically active surface peat (i.e., the acrotelm) would be more hydrologically 
conductive than deeper accumulations of wetland peat, we limited our per meter width 
cross sectional area to a depth of 50 cm.  This corresponds to the same depths over 
which water table wells were sampled for peat porewater chemistry.  These seepage 
face flux estimates assume that horizontal flow dominates hydrologic fluxes and do 
not account for preferential flow.  Thus, flux estimates from different wetland types 
may be comparable in a relative sense, but they likely do not represent total 
hydrological or chemical fluxes from different wetland types. 
 Residence time of mercury in different wetland types was calculated from 
seepage face fluxes (as estimated above) and mercury pool sizes quantified for these 
upland-wetland transects and described in detail elsewhere (see Chapter 1).  
RESULTS AND DISCUSSION 
Hydrologic characteristics of wetlands of different hydrogeologic setting 
 Hydrologic characteristics varied among wetland types, across individual 
wetland transects, and with season; water table elevation and piezometric gradients 
were more dynamic in riparian zones as compared to headwater wetlands (Table 2.1, 
Appendix A, Appendix B).  Overall, wetland hydrology was typical for each wetland 
type.  Headwater wetlands were characterized by a consistently high water table and 
 53 
strong recharge gradients; whereas, riparian wetlands were characterized by a more 
dynamically fluctuating water table and patterns of piezometric head potential that 
were dominated by discharge gradients. 
 Specifically, in the headwater wetlands, the water table remained near the 
surface of the peat throughout the year, rising above the surface during winter, spring, 
and fall (mean maximum = 5.7 cm, SE = 2.3 cm) and falling below the surface of the 
peat during summer (mean minimum = -7.4 cm, SE = 0.4 cm; Table 2.1).  Both the 
deep peat riparian and the shallow peat riparian wetlands had greater seasonal 
fluctuations in the water table (Table 2.1).  The water table in the shallow peat riparian 
wetlands remained below the surface of the peat during all seasonal sampling periods 
(mean maximum = -4.9 cm, SE = 2.4 cm), falling to a mean depth of -30.4 cm (SE = 
9.1 cm) below the surface of the peat during summer.  However, observations of sand 
and gravel deposited throughout shallow peat riparian soil profiles and on the surface 
of organic horizons are indicative of occasional over-bank flooding.  Whereas nearly 
the entire peat profile of the headwater wetlands remained saturated throughout the 
year, the water table in the shallow peat riparian wetlands declined into the mineral 
horizons underlying the organic horizons (see Chapter 1), thus exposing the entire peat 
profile to unsaturated, oxidizing conditions (Table 2.1, Appendix A, Appendix B). 
Piezometric head potential varied more in magnitude and direction in the riparian 
wetlands as compared to the headwater wetlands (Figure 2.1a,b,c, Appendix A, 
Appendix B).  Recharge gradients dominated the hydrology of headwater wetlands 
during all seasonal sampling periods (Figure 2.1a).  Only at the upland edge of the 
headwater wetlands did we detect a weak discharge gradient (Figure 2.1a).  The 
piezometric head potential gradients in the riparian wetlands were spatially and 
temporally more variable.  In the deep peat riparian wetlands, weak discharge zones 
were common at the streamside and at the upland-wetland interface during spring and 
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Table 2.1.  Water table level maximum, minimum, and range (max-min) across 
wetland transects in headwater (HW), deep peat riparian (DPR), and shallow peat 
riparian (SPR) wetlands in the Sunday Lake watershed.  Water table levels relative to 
ground surface were back-calculated from surveyed reference points.  Additional 
letters after wetland type abbreviations denote individual wetlands. 
Water Table 
Relative to Ground Surface
Transect
Wetland Distance (m) Max (cm) Min (cm) Max-Min (cm)
HW_P 1 0.9 -16.8 17.7
HW_P 45 2.7 -4.9 7.6
HW_P 60 5.5 -6.9 12.4
HW_P 80 2.2 -6.4 8.6
HW_P 100 5.7 -0.3 6.0
HW_P Outlet 9.2 -0.3 9.5
HW_H 1 8.5 -6.6 15.1
HW_H 37 6.9 -9.4 16.3
HW_H 75 8.3 -7.5 15.8
HW_H Outlet -6.7 -29.6 22.9
DPR_MR 1 -5.3 -19.5 14.2
DPR_MR 40 1.0 -20.7 21.7
DPR_MR 81 5.2 -4.7 9.9
DPR_MR Stream -11.3 -20.1 8.8
DPR_BR 1 -13.9 -33.6 19.7
DPR_BR 30 -8.6 -30.7 22.1
DPR_BR 60 -0.5 -26.6 26.1
DPR_BR Stream -5.6 -33.1 27.5
SPR_HR 1 -10.6 -49.8 39.2
SPR_HR 9 -8.8 -35.5 26.7
SPR_HR 18 -2.4 -33.0 30.6
SPR_HR Stream -5.8 -38.8 33.0
SPR_SLR 1 0.6 -14.3 14.9
SPR_SLR 5 -0.7 -19.2 18.5
SPR_SLR 10 -7.5 -30.0 22.5
SPR_SLR Stream -13.3 -39.8 26.5  
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Figure 2.1.a.  Concentrations of dissolved mercury (Hgd) and dissolved methyl 
mercury (MeHgd) in peat porewater from across transects within two individual 
shallow peat riparian wetlands of the Sunday Lake watershed.  Particulate bound 
mercury (Hgp) is shown only for stream samples.  The distance from the upland-
wetland edge along each transect is noted below each sampling point.  The two arrows 
below each sampling point represent measured piezometric gradients.  The top arrow 
at each sampling point represents the piezometric gradient measured by the mid-depth 
piezometer; the bottom arrow at each sampling point represents the piezometric 
gradient measured by the piezometer within mineral sediments below the wetland.  
Upward pointing arrows represent discharge gradients; downward pointing arrows 
represent recharge gradients.  Arrows represent weak gradients (<10 cm difference in 
head potential compared to the water table), the dash represents no detectable gradient; 
n.v. means that no value was available. 
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Figure 2.1.b.  Concentrations of dissolved mercury (Hgd) and dissolved methyl 
mercury (MeHgd) in peat porewater from across transects within two individual deep 
peat riparian wetlands of the Sunday Lake watershed.  Particulate bound mercury 
(Hgp) is shown only for riparian stream samples.  The distance from the upland-
wetland edge along each transect is noted below each sampling point.  The two arrows 
below each sampling point represent measured piezometric gradients.  The top arrow 
at each sampling point represents the piezometric gradient measured by the mid-depth 
piezometer; the bottom arrow at each sampling point represents the piezometric 
gradient measured by the piezometer within mineral sediments below the wetland.  
Upward pointing arrows represent discharge gradients; downward pointing arrows 
represent recharge gradients.  Large arrows represent strong gradients (>10 cm 
difference in head potential compared to the water table); small arrows represent weak 
gradients (<10 cm difference in head potential compared to the water table), the dash 
represents no detectable gradient; n.v. means that no value was available. 
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Figure 2.1.c.  Concentrations of dissolved mercury (Hgd) and dissolved methyl 
mercury (MeHgd) in peat porewater from across transects within two individual 
headwater wetlands of the Sunday Lake watershed.  Particulate bound mercury (Hgp) 
is shown only for outlet samples.  The distance from the upland-wetland edge along 
each transect is noted below each sampling point.  The two arrows below each 
sampling point represent measured piezometric gradients.  The top arrow at each 
sampling point represents the piezometric gradient measured by the mid-depth 
piezometer; the bottom arrow at each sampling point represents the piezometric 
gradient measured by the piezometer within mineral sediments below the wetland.  
Upward pointing arrows represent discharge gradients; downward pointing arrows 
represent recharge gradients.  Large arrows represent strong gradients (>10 cm 
difference in head potential compared to the water table); small arrows represent weak 
gradients (<10 cm difference in head potential compared to the water table), the dash 
represents no detectable gradient; n.v. means that no value was available. 
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fall (Figure 2.1b).  In contrast, recharge gradients dominated the central portions of the 
deep peat riparian wetlands, especially during summer (Figure 2.1b).  In shallow peat 
riparian wetlands, piezometric head potentials were difficult to detect due, in part, to 
the shallow placement of piezometers relative to the water table.  Thus, shallow peat 
riparian wetlands tended to lack clear recharge and discharge gradients.  Nonetheless, 
we detected discharge gradients far more frequently than recharge gradients in shallow 
peat riparian wetlands (71% overall, 86% at upland edge, 78% at the center, and 40% 
at stream edge; Figure 2.1c).   
Mercury and methyl mercury concentrations 
 Seasonality.  Dissolved mercury (Hgd) and MeHgd concentrations varied by 
season.  Peaks in Hgd concentration occurred in wetland porewater, outlets, and 
associated streams of all wetland types during June, August, and September as 
temperatures increased and water table elevations declined (Figure 2.2, Table 2.1, 
Table 2.2).  This pattern likely results from two interactions: (1) high temperature 
increases decomposition that releases mercury associated with dissolved organic 
matter (DOM); and (2) increased evapotranspiration concentrates mercury in residual 
porewater.  In headwater wetland porewater and outlet streamwater, MeHgd 
concentrations increased in June and August (as compared to April), and were greatest 
in late summer (i.e., September).  Deep peat riparian porewater concentrations of 
MeHgd also increased in June and August (as compared to April) and were also 
greatest in late summer (i.e., September).  Peak MeHgd concentrations in shallow peat 
riparian porewater and stream water were delayed until August and September. Thus, 
in the shallow peat riparian wetlands, peaks in MeHgd concentrations tended to occur 
later in the summer season (i.e., August, September), lagging behind peaks in Hgd 
concentrations.  This pattern suggests that mercury methylation responds to the supply 
 62 
 
 
 
 
 
 
 
 
 
 
Figure 2.2.  Average concentrations of dissolved mercury (Hgd) and dissolved methyl 
mercury (MeHgd) in peat porewater of headwater and riparian wetlands, and Hgd, 
MeHgd, and particulate bound mercury (Hgp) in headwater wetland outlets and 
riparian wetland streams of the Sunday Lake watershed during five seasonal sampling 
periods.  Total height of each bar represents total mercury (Hgt).  Error bars show 
range in concentrations of mercury (n = 2 for each wetland type).  Wetland types are 
headwater wetlands (HW), deep peat riparian wetlands (DPR), and shallow peat 
riparian wetlands (SPR).       
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Table 2.2.  Flux and residence time of mercury in (a) different wetland types and (b) 
individual wetlands of the Sunday Lake watershed.  Fluxes calculated for each 
seasonal sampling period have been composited to represent a single annual flux from 
each wetland.  Water fluxes were calculated with Darcy’s Law, and are seepage fluxes 
through a per meter width cross sectional area of the peat profile to 50 cm depth 
(representing the acrotelm).  Streamside flux estimates were calculated with hydraulic 
conductivity measurements taken from within one meter of stream; average flux 
estimates were calculated with an average hydraulic conductivity from measurements 
made at each water table well located along the wetland transect.  Residence times 
were calculated with (streamside or average) seepage fluxes and total soil pool of 
organic horizons within the top 50 cm of each wetland.  Values in parentheses show 1 
SE.  For shallow peat riparian wetlands, values in [brackets]* show the residence time 
for total soil pool to 50 cm, including mineral horizons.  
(a) Flux and mean residence time for wetland types.
Wetland Flux ug/yr Residence Time (yrs) Flux ug/yr Residence Time (yrs)
HW Hgd 10.6 (1.5) 268 (117) 5.6 (3.7) 614 (114)
MeHgd 1.35 (<0.01) 1.11 (0.81)
DPR Hgd 0.4 (0.3) >10,000 (>10,000) 0.6 (0.6) >10,000 (>10,000)
MeHgd 0.15 (0.12) 0.16 (0.16)
SPR Hgd 2.4 (2.1) 4006 (3098) 5.3 (2.0) 566 (3)
MeHgd 0.45 (0.39) 0.91 (0.53)
(b) Flux and mean residence time for individual wetlands.
Wetland Flux ug/yr Residence Time (yrs) Flux ug/yr Residence Time (yrs)
HW_P Hgd 9.11 151 1.9 728
MeHgd 1.36 0.30
HW_H Hgd 12.09 385 9.3 500
MeHgd 1.35 1.93
DPR_MR Hgd 0.69 4967 1.3 2724
MeHgd 0.27 0.32
DPR_BR Hgd 0.08 >10,000 0.04 >10,000
MeHgd 0.03 0.01
SPR_HR Hgd 4.48 908 [2378]* 7.2 562 [1473]*
MeHgd 0.83 0.39
SPR_SLR Hgd 0.27 7103 [>10,000]* 3.3 569 [2252]*
MeHgd 0.06 1.44
Streamside Average
Streamside Average
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of inorganic mercury and thus is limited by its availability in shallow peat riparian 
wetlands. 
 Mercury associated with the particulate phase (Hgp) varied widely; however 
streamwater concentrations of Hgp tended to be greatest during late summer, 
especially in the riparian streams.  In late summer during low stream flow, riparian 
streambeds developed a thick biofilm, contributing organic floc to the water column 
(personal observation).  This agrees with other streamwater mercury measurements 
during monthly monitoring at the Sunday Lake watershed that found peak Hgt 
concentrations occur during summer low flow at the lake inlet (Selvendiran et al. in 
press).  The prevalence of the particulate mercury fraction at low flow is in contrast to 
findings from large rivers and higher gradient streams that report that the greatest 
particulate transport of mercury occurs during snowmelt and other high flow events. 
 Differences among wetland types.  There were few consistent differences in 
mercury and methyl mercury concentrations in peat porewater and stream water 
among different wetland types (Figure 2.2).  In April and June, concentrations of Hgd 
and MeHgd in porewater, as well as Hgd, MeHgd, and Hgt  in stream water, were 
greater in headwater wetlands as compared to shallow peat riparian wetlands (Figure 
2.2).  In August, porewater Hgd, as well as stream water Hgd and Hgt, remained greater 
in headwater wetlands as compared to shallow peat riparian wetlands; however, 
MeHgd concentrations in porewater and stream water in headwater wetlands were no 
different than concentrations in shallow peat riparian wetlands (Figure 2.2).  Thus, the 
net methylation efficiency (i.e., the percentage of Hgd occurring as MeHgd, or 
%MeHg) in the shallow peat riparian wetlands increased during summer when 
temperatures were warm and the water table was low.  By September, the only 
remaining difference in mercury concentrations among wetland types was that the 
stream water Hgd concentrations of the headwater outlets were greater than the Hgd 
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concentration of the riparian wetland streams.  By November, when water table levels 
had risen to near their maximum, the headwater wetland outlet concentrations of Hgd, 
MeHgd, and Hgt again exceeded that of the riparian streams; however, porewater 
concentrations of Hgd and MeHgd remained no different.  Thus, the only consistent 
difference among wetland types was that headwater wetland outlets exhibited higher 
Hgd concentrations than riparian streams. 
 Comparing porewater to streamwater.  Average peat porewater concentrations 
of Hgd in headwater wetlands were generally lower than concentrations in associated 
outlet streams (Figure 2.2).  This pattern suggests that not all areas equally contribute 
to Hgd concentrations at the outlet, or that only a certain fraction of the DOC, and thus, 
only a certain fraction of the mercury in headwater wetlands is mobile.  This sort of 
phenomenon would be consistent with the previous findings of Kolka (2001) which 
suggested that much of the mercury exported from a bog in Minnesota originated from 
the lag zone. 
 Shallow peat riparian wetlands showed a similar pattern with generally lower 
Hgd concentrations in porewater than in adjacent stream water.  However, in riparian 
wetlands, differences between porewater and stream water concentrations of mercury 
are difficult to interpret because riparian stream water is a composite of sources from 
the adjacent riparian wetland and the watershed upstream of the sampling location.  
Thus, it is unclear if different areas of the riparian wetlands contribute equally to 
stream water mercury concentrations.  Depending upon which areas of the riparian 
wetlands are contributing to the stream, the riparian porewater may be either 
increasing or diluting the concentration of mercury in the adjacent stream (Figure 2.1, 
Figure 2.2). 
 In deep peat riparian wetlands, the relationship between porewater and stream 
water concentrations of Hgd was variable; porewater concentrations of Hgd in deep 
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riparian wetlands tended to be greater than stream water concentrations during the 
summer sampling periods (June, August, September), and less than or equal to stream 
water concentrations during the spring and fall (April, November/December; Figure 
2.1b; Figure 2.2).  In the deep peat riparian wetlands, the hydrologic flux from the 
wetland to the riparian stream was minimal compared to other wetland types in this 
study (see Results and Discussion: Differences in mercury flux and residence time 
among wetland types); thus, the deep peat riparian wetland porewater likely has little 
influence on stream water concentrations of Hgd or MeHgd.  Seasonal fluctuations in 
porewater concentrations of Hgd in these deep peat riparian wetlands are likely due to 
evaporative and dilution effects, the balance between deposition and revolatilization of 
mercury, and the release of mercury from peat to porewater in association with the 
processing of organic matter.   
 Seasonal fluctuation of MeHgd concentrations in porewater are also likely 
influenced by the balance of in situ methylation and demethylation processes (sensu 
Marvin-Dipasquale and Oremland 1998, Marvin-DiPasquale et al. 2000).  It is unclear 
what percentage of  MeHgd present during periods of peak net MeHgd production in 
wetlands is actually transported to aquatic ecosystems before it is demethylated.  
 In contrast to Hgd, average peat porewater concentrations of MeHgd were 
greater than or equal to average concentrations of MeHgd in associated headwater 
outlets and riparian streams in all wetlands during all sampling periods (Figure 2.2).  
Thus, it would appear that all wetlands of the Sunday Lake watershed have the 
potential to increase the concentration of MeHgd transported from watersheds to 
downstream surface waters.  This pattern is consistent with watershed level 
observations suggesting that wetlands are important sources of methyl mercury to 
surface waters (Driscoll et al. 1994, Driscoll et al. 1998).  However, individual 
wetland transects also show that porewater MeHgd concentrations are both spatially 
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and temporally variable within individual wetlands (Figure 2.1a,b,c).  During all 
sampling periods in headwater wetlands and deep peat riparian wetlands, at least some 
areas of the wetland were capable of contributing concentrations of MeHgd great 
enough to drive outlet concentrations (Figure 2.1a,b).  In contrast, shallow peat 
riparian wetlands did not consistently have porewater MeHgd concentrations greater 
than MeHgd concentrations in associated riparian streams (Figure 2.1c).  Thus, the 
importance of shallow peat riparian wetlands for increasing MeHgd concentrations to 
downstream surface waters is highly variable among individual wetlands, and is 
dependent upon the relative MeHgd concentration of upstream sources.   
 Flow path analysis.  The arrangement of the wetlands along one section of the 
watershed allowed us to evaluate patterns of mercury concentrations along the flow 
path of water through the catchment, utilizing one headwater wetland and three of the 
riparian wetlands (Figure 2.3).  In all seasons, total unfiltered mercury concentrations 
(Hgt), Hgd, and MeHgd tended to be highest in the headwater outlets and to decrease 
along the flow path of the stream (Figure 2.3).  Differences in mercury and methyl 
mercury concentrations between the last two sampling points along the flow path were 
generally small, and the final station tended to be slightly elevated during spring and 
fall.  This observation may result from this entire section of the stream being lined 
with riparian wetlands, the inputs of which might gradually increase stream water 
concentrations of Hgd, or from the contribution of a tributary draining a small sub-
watershed containing a large complex of headwater wetlands.  However, the range in 
porewater Hgd concentrations in the riparian wetlands were less than stream water 
concentrations during these sampling periods, which suggests that increases in the 
stream water Hgd concentration resulted from the contributions of the tributary.   
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Figure 2.3.  Stream water concentrations of total mercury (Hgt), dissolved mercury 
(Hgd), and dissolved methyl mercury (MeHgd) along the flow path of the stream 
through different wetland types of the Sunday Lake watershed during five seasonal 
sampling periods.  Peat porewater concentrations of dissolved mercury (Hgd), and 
dissolved methyl mercury (MeHgd) are shown associated with mercury concentrations 
in stream water.  Error bars show the range of peat porewater mercury concentrations 
in each wetland (n = 5 in headwater peat porewater, n = 3 in riparian peat porewater). 
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 Overall, mercury concentrations were likely diluted along the flow path by 
groundwater concentrations low in mercury; whereas methyl mercury concentrations 
could have decreased as a result of dilution or degradation.  Because total water flow 
increases substantially along the flow path, total flux of mercury and methyl mercury 
also likely increase along the flow path despite decreases in concentration. 
Mercury release and transport 
 Mercury:carbon stoichiometry.  The relationship between mercury and 
organic carbon differed both in peat porewater, as well as in stream water, among 
different wetland types (Figure 2.4).  Peat porewater Hgd was weakly correlated with 
DOC in deep and shallow peat riparian wetlands (r2 = 0.44; r2 = 0.46, respectively; 
Figure 2.4a); Hgd was not correlated with DOC in porewater of headwater wetlands 
(Figure 2.4a).  Nonetheless, mercury was transported in association with DOC in both 
headwater wetland outlets and riparian streams (r2 = 0.63, r2 = 0.80, respectively; 
Figure 2.4b).  However, the slope of the Hgd:DOC relationship was 3x lower in the 
headwater outlets versus the riparian streams, reflecting differences in porewater 
Hgd:DOC relationships.  Thus, among wetland type differences in stream water and 
porewater chemistry reflect differences in peat chemistry (see Chapter 1, Figure 
1.3d,g,p,s).  The observed lack of correlation between mercury and organic carbon in 
the peat and porewater chemistry of headwater wetlands (see Chapter 1, Figure 1.3p,s; 
Figure 2.4a) suggests that the Hg:DOC relationship may be limited by the supply of 
mercury rather than by the availability of Hg-DOC binding sites in headwater 
wetlands (Figure 2.4a,b).  As suggested previously for differences in porewater and 
outlet concentrations, the slight slope of the Hg:C relationship in the headwater outlets 
may indicate that either the source of mercury to the outlet does not equally reflect  
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Figure 2.4.  Scatterplots showing the relationship between dissolved mercury (Hgd) 
and dissolved organic carbon (DOC) in (a) wetland peat porewater, and (b) headwater 
outlets and riparian streams.  Note that there was no significant difference in the slope 
and intercept of the deep and shallow riparian regression lines; thus all riparian stream 
data were combined. 
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average wetland porewater, or that only a fraction of DOC in the headwater wetland 
porewater is mobile. 
 Riparian porewater also had a lower (and more variable) Hg:C ratio than 
riparian stream water.  Nonetheless, the strong correlation between mercury and 
carbon in riparian stream water (Figure 2.4b) suggests that the mercury transported in 
riparian streams is limited by DOC binding and transport, and resembles the strong 
correlation between mercury and organic carbon observed in both shallow peat 
riparian wetland soils and upland mineral soil horizons (Figure 2.4b; see Chapter 1, 
Figure 1.3a,d,g).  
  Convergence of Hg:C stoichiometry.  In Chapter 1, it was postulated that the 
Hg:C ratio in mineral soil horizons of forests results from decomposition, hydrologic 
transport, and the physicochemical fractioning of organic matter between the dissolved 
and adsorbed phases (sensu Schuster 1991).  Data suggested that as dissolved organic 
matter is released from the organic soil horizon during organic matter decomposition, 
the Hg:C ratio converges upon an upper limit to Hg:C ratios found throughout the 
forest soil profile (see Chapter 1).  Thus, Chapter 1 concluded that the observed 
patterns of Hg:C in the mineral soil horizon could result from a relatively fixed 
stoichiometry associated with decomposition products.  Based on the slope of the 
Hg:DOC relationship of various sources (Figure 2.5), it appears that riparian streams 
are a composite of upland and riparian sources (which are similar) and headwater 
wetland sources.  It also appears that headwater sources may have a strong influence 
on the Hg:C composition in riparian streams.   
 Wetland peat leaching experiment.  In a simple repeat leaching experiment of 
wetland peat soils using a synthetic precipitation as an extractant, I quantified the 
amount of mercury and DOC in different wetland types that was available for 
immediate release to downstream environments.  DOC was released during all 
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Figure 2.5.  Slopes representing the molar stoichiometry between mercury and carbon 
in upland soils, shallow peat riparian wetland soils, riparian soil extracts, riparian 
wetland streams, and headwater wetland outlets.  Molar stoichiometry of Hg:C in 
upland soils are from a previous study (see Chapter 1, Figure 1.3a,d,g).  All mercury 
and carbon units were converted to mmols per gram (for soil) and mmols per liter (for 
stream water). 
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wetland peat extractions, and the quantity of DOC released declined over 10 extraction 
cycles, suggesting that the rate of decomposition or oxidation of organic matter during 
the experiment was minimized (Figure 2.6). Dissolved mercury (Hgd) was consistently 
released from the shallow peat riparian soils, where it was correlated with the release 
of DOC (r2 = 0.78; Figure 2.7a).  Although equal or greater amounts of DOC were 
released from headwater wetlands, mercury was released only sporadically (Figure 
2.6).  Mercury concentrations from headwater wetland leachate was lower than 
expected based on DOC concentrations of the leachate in comparison to DOC 
concentrations observed in field sampling of headwater wetland outlets and peat 
porewater. 
 The results of this leaching study corroborate field observations of differences 
in the Hg:C stoichiometry of peat, peat porewater, and stream water of shallow peat 
riparian and headwater wetlands.  Differences in the Hg:DOC relationship between 
headwater wetlands and shallow peat riparian wetlands further emphasize that there is 
likely a functional difference in DOC character among wetland types that influences 
the release and transport of mercury.  These differences may result from the mode and 
degree of decomposition that results from differences in hydrogeologic setting of the 
different wetland types.  The lack of correlation between Hg and DOC in headwater 
wetland extraction solutions supports our earlier suggestions that mercury in 
headwater wetland outlets is not contributed equally from all areas of the wetland, or 
that all DOC fractions are not equally mobilized from the peat porewater to the outlet.  
Ultimately, decomposition and hydrology control the production and release of 
dissolved organic matter that can be subsequently mobilized and transported to surface 
waters, along with associated mercury. 
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Figure 2.6.  Dissolved mercury (Hgd) and dissolved organic carbon (DOC) extracted 
from wetland peat soils by a synthesized rain water equivalent.  Ten extraction cycles 
are shown for each of six wetland soil cores from different wetland types within the 
Sunday Lake watershed. 
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Figure 2.7.  Scatterplots showing the relationship between dissolved mercury (Hgd) 
and dissolved organic carbon (DOC) in soil extracts leached from (a) shallow peat 
riparian wetlands, (b) deep peat riparian wetlands, and (c) headwater wetlands in the 
Sunday Lake watershed.  
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Differences in mercury flux and residence time among wetland types 
 The fluxes of Hgd of MeHgd from headwater wetland and shallow peat riparian 
wetland soils were similar, based on Darcy law calculations of seepage flux across an 
assumed one meter wide, 50 cm deep seepage face in each wetland (mean Hgd = 5.4 
 ug*yr-1, SE = 2.4 ug*yr-1; mean MeHgd = 1.01 ug*yr-1, SE = 0.56 ug*yr-1; Table 
2.2); whereas the fluxes of Hgd and MeHgd from deep peat riparian wetlands were 
relatively small (mean Hgd = 0.6 ug*yr-1, SE = 0.6 ug*yr-1; mean MeHgd = 0.16 ug*yr-
1, SE = 0.16 ug*yr-1; Table 2.2).  These fluxes suggest a mean residence time for 
mercury of 590 years (SE = 69) for headwater wetlands and shallow peat riparian 
wetlands; whereas the mean residence time was >10,000 years for deep peat riparian 
wetlands (Table 2.2).  Including the mineral soil mercury pool (to a depth of 50 cm) in 
the shallow peat riparian wetlands increased the mean residence time to thousands of 
years (Table 2.2).   
 Flux and residence time calculations were more strongly influenced by the 
hydrology characteristic of each wetland than by the peat porewater mercury 
chemistry.  The hydraulic conductivity of the peat and the hydraulic gradient of the 
water table were the key drivers of seepage face flux estimates and subsequent mean 
residence time calculations.  Estimates of hydrologic flux across a seepage face are 
likely more appropriate for the riparian wetlands that have a larger horizontal 
component of flow, whereas, headwater wetlands have strong vertical recharge 
gradients (Appendix B) that are not considered in calculations using Darcy’s Law.  
Thus, actual export fluxes of water (and mercury) from headwater wetlands are 
dependent upon the strength of vertical hydraulic gradients, differences in hydraulic 
conductivity throughout the peat profile that may function as aquitards (sensu Freeze 
and Cherry 1979), and the occurrence of preferential flow paths.  Actual export fluxes 
of water (and mercury) from riparian wetlands are also dependent upon the strength of 
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upwelling gradients, differences in hydraulic conductivity throughout the peat profile 
(especially within the underlying sand, gravel, and cobble matrix), and the occurrence 
of preferential flow paths.  Furthermore, per meter width seepage flux estimates more 
easily scale to watershed-wide contributions to streamwater from riparian wetlands 
than from headwater wetlands having substantial recharge gradients and a single outlet 
point.  The effect of alternate flow paths would likely increase estimated fluxes, and 
decrease estimated residence times of mercury, especially in shallow peat riparian 
wetlands.  Note that these annual flux estimates are based on seasonal sampling 
snapshots, and do not include snowmelt and storm flow effects, which can be 
substantial (Shanley et al. 2005, Mitchell et al. 2008, also see Chapter 4).   
 Overall, estimates of fluxes from wetlands to down-gradient surface waters 
could be greatly improved through more sophisticated hydrological modeling, and the 
gauging of headwater outlets.  An alternative method of establishing an upper limit for 
hydrologic fluxes from wetlands would be to calculate the total amount of 
precipitation to the wetland watershed, subtract out average evaporative losses for the 
region, and scale the resulting hydrologic flux to the concentrations of mercury within 
each wetland; this would assume all vertical mercury fluxes were eventually delivered 
to surface waters with Hg:DOC complexes intact.  The relative importance of mercury 
fluxes from different wetland types in a watershed is thus dependent upon both the 
areal extent and the internal hydrology of different wetland types, and may be less 
dependent upon differences in porewater concentrations of mercury. 
 Comparing wetland and watershed fluxes.  In a recent mass balance study of 
Sunday Lake, Selvendiran et al. (in press) calculated that inlet streams transported 
30.1 g yr-1 Hgt and 3.14 g yr-1 MeHgt from the watershed to the lake.  Note that neither 
the flux of mercury from wetlands to streams (this study), nor the flux of mercury 
from inlet to lake (Selvendiran et al. in press) accounted for storm flow, and are thus 
 80 
representative of similar flow conditions.  Assuming all stream reaches were bounded 
by riparian wetlands, estimates of seepage fluxes of mercury and methyl mercury from 
the top 50 cm of shallow peat riparian wetlands alone were still two orders of 
magnitude lower than estimates of mercury and methyl mercury entering the lake in 
stream flow.  Thus, the discrepancy between mercury fluxes contributed from 
wetlands and fluxes transported by streams presents a bit of an enigma.  Apparently, 
simple models of wetland fluxes do not quantitatively capture the role of wetlands in 
supplying mercury to surface waters.  As discussed, it is likely that the Darcy Law 
based flux calculations in this study grossly under-estimate hydrologic contributions 
from wetlands to surface waters.  It is possible that both preferential flow and deeper 
flow paths that account for a greater amount of the hydrologic flux may be more 
important than previously estimated (e.g., Krabbenhoft and Babiarz 1992), especially 
in substrates with high hydraulic conductivities and relatively limited ability to retain 
DOC, such as the glacial outwash that underlies wetlands of the Sunday Lake 
watershed. 
 Canham et al. (2004) used an inverse modeling technique to show that, on 
average, about 70% of DOC in Adirondack lakes was contributed by forested uplands 
rather than by wetlands.  However, that contribution varied substantially depending on 
the percentage wetland area in the watershed.  For example, Muir Lake (a high-DOC 
lake with 27% watershed area as wetlands) was modeled to have 66% of DOC inputs 
contributed from wetlands (compare to the 30% of DOC inputs contributed from 
wetlands on average, Canham et al. 2004).  The modeling of Canham et al. (2004) 
presented a number of observations concerning DOC transport through watersheds 
that are particularly salient with regard to potential watershed sources and transport of 
mercury through the ecosystem.  First, their model indicated that watersheds are 
“well-plumbed” such that all areas of the watershed are capable of contributing DOC 
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to lakes (and streams).  Second, once DOC entered into groundwater, little further 
decay occurred until the DOC reached open water and was exposed to sunlight, and 
transit time in small Adirondack streams was too short for much degradation to occur 
during stream transport of DOC to lakes.  Third, the high fraction of carbon entering 
rivers that has been found to be ancient (>1000 years) also suggests limited 
decomposition during transit in groundwater (Gron et al. 1992, Canham et al. 2004).  
Finally, Canham et al. (2004) emphasize that although soil adsorption removes much 
DOC from soil water as it passes through upper soil horizons (e.g., McDowell and 
Wood 1984, McDowell and Likens 1988), their spatially explicit model suggests that 
there is little further adsorption or decomposition during transport to lakes (and 
streams) via groundwater flow paths.  Thus, if mercury passes into the mineral soils in 
association with DOC, and if that DOC is relatively stable in groundwater and small 
streams during transit to lakes, then it is reasonable to surmise that deeper flow paths 
from wetlands may be important to mercury transport to surface waters. 
CONCLUSIONS AND IMPLICATIONS 
 Hydrogeologic setting was a successful framework for predicting hydrological 
characteristics associated with different wetland types; that is, headwater wetlands 
were characterized by a consistently high water table and strong recharge gradients, 
whereas riparian wetlands were characterized by a more dynamically fluctuating water 
table and discharge gradients.  However, differences in hydrogeologic setting resulted 
in only small differences in mercury and methyl mercury concentrations within 
wetland porewater.  Thus, differences in mercury and methyl mercury flux from 
different wetland types, as calculated using Darcy’s Law, were driven more by the 
hydrologic parameters of hydraulic gradient and hydraulic conductivity than by the 
relatively small differences in porewater concentrations.  As revealed by a comparison 
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of individual scale wetland flux estimates (this study) and whole watershed stream 
export estimates (Selvendiran et al. in press), preferential flow and deeper flow paths 
through wetlands are likely important fluxes of mercury from wetlands to surface 
waters.  Flow path analysis suggests that headwater (and riparian) wetland 
contributions to streamwater mercury are likely diluted by groundwater originating 
from the uplands, and improved estimates of both surface and sub-surface 
hydrological fluxes from wetlands to surface waters are necessary to determine the 
contribution of mercury from different wetland types to total watershed stream export 
of mercury.   
 Nonetheless, wetlands represent large pools of mercury that may be available 
for release to surface waters.  As suggested by Munthe et al. (2007), there may be 
some initial amount of rapid recovery of surface waters that results from decreases in 
atmospheric deposition of mercury directly to those surface waters; however, further 
recovery will likely be buffered by exports of mercury from the terrestrial ecosystem, 
including wetlands.  Note that Selvendiran et al. (in press) estimated that direct 
atmospheric deposition to the surface of Sunday Lake was 0.6 g*yr-1, whereas 
contributions from the watershed were 30.1 g*yr-1 (i.e., 98% of inputs to the lake are 
from the watershed). 
 Mercury:DOC  relationships controlling the release and transport of mercury 
differed markedly among wetland types.  In headwater wetlands, transport of mercury 
with DOC appeared to be more limited by mercury than by the availability of 
mercury:DOC binding sites; this follows the accepted paradigm that the quantity of 
mercury binding sites on DOC is virtually unlimited in relation to environmentally 
relevant concentrations of mercury.  However, the tight relationship between mercury 
and organic carbon in riparian streams, and the apparent convergence toward a 
maximum ratio of Hg:C upon decomposition in soils of forests and shallow peat 
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riparian wetlands appears to be a condition suggestive of mercury saturation of DOC 
binding sites within the products of decomposition.   
 Differences in hydrogeologic setting influence the rate and mechanism of 
decomposition of organic matter as well as the release of organic matter from wetlands 
to surface waters.  Whether wetlands will continue to contribute mercury to surface 
waters may depend on whether old mercury incorporated in peat is actually available 
for release to down-gradient surface waters.  Simple leaching experiments using a 
synthetic precipitation to extract mercury from wetland peat cores suggest that 
mercury may be more available for release from shallow peat riparian wetland soils 
than from the peat of either deep peat riparian or headwater wetlands.  Ultimately 
decomposition dynamics and hydrology will control the magnitude and mode of 
transformation and release of mercury accumulated in wetlands (and forests).  Thus, 
environmental change that alters the hydrologic regime and associated mode of 
decomposition will likely have a larger and more rapid effect on the transformation 
and release of mercury from wetlands than would changes in the rate of atmospheric 
mercury deposition. 
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CHAPTER THREE: 
INHIBITION OF METHYL MERCURY PRODUCTION 
BY REDOX CONDITIONS IN FRESHWATER WETLANDS. 
ABSTRACT 
Wetlands are hotspots of methyl mercury production and sources of bioavailable 
methyl mercury to aquatic ecosystems; however, there is much spatial and temporal 
variability in methyl mercury concentrations within and among wetlands.  Sulfate 
reducing bacteria (SRB) are important methylators of mercury under reducing 
conditions, and the suite of factors controlling net methyl mercury production by SRB 
are complex.  Here we show that nitrate and ferrous iron are associated with the 
inhibition of net methyl mercury production in riparian wetlands, and that abiotic 
methylation via a DOC mechanism may be important in headwater ombrotrophic bogs 
under natural background environmental conditions. 
INTRODUCTION 
 Wetlands are hotspots of methyl mercury (MeHg) production (e.g., Branfireun 
et al. 1998, Mitchell et al. 2008b) and are sources of MeHg to down-gradient aquatic 
ecosystems where it is bioaccumulated to toxic concentrations in fish and wildlife 
(e.g., Driscoll et al. 2007, Evers et al. 2007).  Although wetlands are considered 
hotspots of MeHg production relative to the broader landscape, there is much spatial 
and temporal variability in MeHg concentrations and the percentage of total mercury 
as MeHg (%MeHg) within and among different wetlands (%MeHg is a surrogate for 
net MeHg production, Mitchell et al. 2008b, see also Chapter 2).  The factors 
controlling the methylation of mercury in natural environments are somewhat elusive, 
in part, because there are multiple mechanisms (both biological and abiotic) that 
 89 
directly and indirectly influence net MeHg production (Barkay and Wagner-Dobler 
2005, and references therein). 
 The most commonly documented pathway of biological MeHg production in 
laboratory experiments and the natural environment is methylation of ionic mercury 
during sulfate reduction to sulfide by sulfate reducing bacteria (SRB), although not all 
SRB methylate mercury (e.g., Compeau and Bartha 1985, Gilmour and Henry 1992, 
King et al. 1999, King et al. 2000).  Numerous studies have investigated the controls 
on mercury methylation by SRB.  The availability of sulfate (as an electron acceptor 
for SRB) has been shown to stimulate MeHg production during controlled laboratory 
studies and field experiments (e.g., Gilmour et al. 1992, Branfireun et al. 1999, 
Galloway and Branfireun 2004, Jeremiason et al. 2006, Mitchell et al. 2008a).  
Dissolved organic carbon has also been shown to increase the methylation of mercury 
(e.g., Barkay et al. 1997);  Mitchell (2008a) showed that sulfate and DOC additions 
together increased net MeHg production more than did sulfate additions alone. 
 The presence of sulfide has been shown to either stimulate or to suppress net 
methylation of mercury, depending on concentration.  Low concentrations of sulfide 
result in a greater proportion of dissolved mercury sulfide complexes occurring as 
neutral dissolved mercury sulfide complexes that easily pass through bacterial cell 
walls, whereas at high concentrations dissolved sulfide complexes are mostly charged 
and react with mercury to form insoluble precipitates.  Sulfide concentrations optimal 
for the production of MeHg in laboratory experiments with freshwater sediment have 
been shown to be in the range of 2 -100 µM  (Benoit et al. 2003, and references 
therein).  Within this range of low sulfide concentrations, increasing the sulfide 
concentration may increase the overall quantity of mercury substrate (i.e., ionic 
mercury, Hg[II]) available for methylation; whereas, above this range of sulfide 
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concentrations, increasing the sulfide concentration decreases the quantity of mercury 
substrate available for methylation (Benoit et al. 2003, and references therein).   
 The inhibition of SRB activity by redox conditions (i.e., inhibition of SRB in 
anoxic sediments by the presence of a different dominant terminal electron acceptor 
such as iron or nitrate) has received little attention as a possible control limiting the 
biological methylation of mercury by SRB in the natural environment.  Warner et al. 
(2003) showed that potential rates of mercury methylation in anoxic wetland slurries 
were similar under methanogenic and sulfate-reducing conditions but suppressed 
under iron-reducing conditions.  However, they were unable to determine whether net 
MeHg suppression was the result of low inorganic mercury availability due to sorption 
to iron (III) oxide surfaces, or the inability of SRB to compete with iron-reducers for 
substrates.   
 Mehrotra et al. (2003) showed that ferrous iron (reduced iron, Fe[II]) 
amendments to sediment-free cultures decreased net MeHg production more than 
four-fold over a 72 hour incubation period; ferrous iron amendments to cultures 
containing a model wetland sediment decreased net MeHg production more than 
three-fold.  Mehrotra et al. (2003) suggested that suppression of net MeHg production 
in their study resulted from a decrease in sulfide concentration that led to a decrease in 
the overall concentration of dissolved mercury sulfide complexes (both charged and 
uncharged).  However, when normalized to sulfate reduction and initial filterable 
Hg(II) concentrations, net MeHg concentrations increased with increasing Fe(II) likely 
because the fraction of dissolved Hg(II) occurring as neutral mercury sulfide 
complexes increases with decreased free sulfide concentrations (which occur as Fe(II) 
increases; Mehrotra et al. 2003).  Thus, these ferrous iron experiments both support 
and contradict the findings of Benoit et al. (2003).  On one hand, substantial mercury 
methylation under the experimental sulfide concentrations used by Mehrotra et al. 
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(2003; 500-5000 uM) occurred at sulfide concentrations well above the optimal range 
for mercury methylation described by Benoit et al. (2003).  In fact, Benoit et al.(2003) 
showed that methylation was strongly inhibited at sulfide concentrations above 100 
uM.  On the other hand, the normalized dataset (Mehrotra et al. 2003) supports the 
hypothesis that neutral mercury sulfide complexes become more prevalent as sulfide 
concentrations decrease, despite that Benoit et al. (2003) demonstrated that neutral 
complexes should be nearly absent at sulfide concentrations above 100 uM.  Clearly, 
the range of sulfide concentrations that result in either the formation of neutral 
mercury sulfide complexes or the inhibition of methylation need to be evaluated for 
surface waters of various composition, and Mehrotra et al (2003) noted the need to test 
the efficacy of ferrous iron to suppress mercury methylation by SRB under field 
conditions. 
 In this study, we examined how redox conditions and DOC concentrations 
influence the occurrence of MeHg in pristine freshwater wetlands of the Adirondack 
region of New York State.  We hypothesized that nitrate and ferrous iron would 
suppress the production of MeHg in wetland peat porewater, and that high 
concentrations of DOC would increase net MeHg production.  We also hypothesized 
that the mechanisms influencing mercury methylation would differ in wetlands of 
different hydrogeologic setting, as different wetland types are influenced by 
differences in solute chemistry and inferred differences in decomposition processes 
that result from differences in hydrogeologic setting.  
METHODS 
Site description 
 This study was conducted at the Sunday Lake watershed (~1273 ha), which is 
located along the southwestern boundary of the Adirondack region of New York, USA 
 92 
(43o51’40”N, 74o06’07”W), and is the site of ongoing research investigating the 
influence of hydrogeologic setting on the biogeochemical cycling of mercury within 
and among wetland types.  Average precipitation is ~1300 mm/yr, with about one 
third delivered as snow.  The upland soils are mostly well drained spodosols (Typic 
Haplorthods) with sandy loam to loamy sand texture overlying glacial till and outwash 
(see Chapter 1).  This watershed contains numerous wetlands (~20% of total 
watershed area), which are formed within the complex series of ridges and depressions 
resulting from glacial stream bed loads that remain as eskers.  A more detailed 
description of the Sunday Lake watershed and its wetlands is available elsewhere (see 
Chapter 1). 
Sampling procedures 
 Peat porewater (to a depth of 50 cm), headwater wetland outlets, and riparian 
streams were sampled seasonally (April, June, August, September, 
November/December) from water table well transects previously established across 
wetlands of different hydrogeologic setting (see Chapter 2).  Teflon and borosilicate 
glass equipment was used for all mercury sampling, and clean procedures were 
followed (USEPA 1996).  Mercury samples were double bagged, with labels on the 
outer bag only.  Water samples for ancillary solute chemistry were collected in high-
density polyethylene bottles and filled to minimize head space.  Samples were packed 
in coolers with ice packs, and returned to the laboratory for processing.  Sample 
filtering and preservation occurred upon arrival at Syracuse University within 48 hours 
of sampling. 
 Several chemical parameters were measured in the field.  Temperatures were 
measured with a digital probe placed at the peat surface, 5 cm depth, and 15 cm depth 
in the soil.  Conductivity and pH were measured in the field using separate aliquots of 
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samples removed from water table wells or streams.  Samples for the analysis of 
sulfide and reduced iron were obtained only for the August and September sampling 
periods.  Sulfide and reduced iron samples were carefully removed from water table 
wells and streams with a syringe attached to a long Teflon straw, which avoided 
mixing sample water with air.  Sulfide and iron samples were then injected into 
appropriate reagents within 20 ml glass vials, releasing samples only after the syringe 
tip extension had been submerged in solution (see Methods: Sample Analyses for 
details concerning reagents and chemical analyses).  Once fixed, sulfide and iron 
samples were tightly capped and kept at ambient temperature in a dark box until 
spectrometric analysis (within 24 hours); the colorimetric products were found to be 
stable for at least 24 hours and required no additional processing. 
Sample analysis 
 Mercury and methyl mercury samples were filtered through a clean 0.45um 
Teflon membrane.  For outlet and stream water samples, both filtered and unfiltered 
aliquots were acidified to 0.4% HCl and stored in the dark at 4oC until analysis.  For 
porewater samples, only the filtered fraction was analyzed.  The concentration of total 
mercury (all forms of mercury) was determined for unfiltered (Hgt) and filtered (Hgd) 
samples.  Prior to analysis for total mercury, samples were UV light treated to remove 
measurement interferences (i.e., DOC, Olson et al. 1997).  Total mercury 
concentrations were analyzed using automated CVAFS (Tekran, Toronto, Ontario, 
Canada, USEPA 1998).  Methyl mercury samples were distilled and analyzed 
following EPA Method 1630 (USEPA 2001, Revision E).   
 Standard methods were used for the analysis of ancillary chemical parameters.  
The pH and acid neutralizing capacity (ANC) were determined for bulk (unfiltered, 
unpreserved) samples.  The pH was measured in both the field and laboratory using a 
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glass combination electrode after calibration using pH 4.00 and pH 7.00 buffer 
solutions; pH measurements in the laboratory were made on a 50 ml aliquot of sample 
just prior to analysis of ANC.  ANC was determined by titration using a glass 
electrode and a Brinkmann Metrohm 716 DMS Titrino auto-analyzer, followed by a 
modified Gran analysis of the resulting data (Gran 1952, Kramer 1984).  Anions (F-, 
Cl-, NO3-, SO42-) were analyzed by ion chromatography with chemical suppression of 
eluent conductivity using an Ion-Pac AS18 column (Dionex).  DOC concentrations 
were determined for filtered samples (0.7 µm glass fiber filter, pre-baked at 450oC) 
with a Dohrmann Phoenix 8000 Analyzer using the persulfate-ultraviolet oxidation 
method (APHA 1998).  Ferrous iron (Fe[II]) was measured colorimetrically using 
ferrozine (sensu Stookey 1970, Lovely and Phillips 1987).  Sulfide was measured 
colorimetrically using the methylene blue method (APHA 1998 Method 4500 - Sulfide 
d., Spectronic 20 Genesys Spectrophotometer). Samples were analyzed in batches with 
quality control (see Chapter 1, Chapter 2). 
Statistical procedures 
 Statistical procedures were performed with SAS (SAS Institute 1999).  
Regression analysis was used to determine the significance of predictive models 
overall as well as the significance of individual predictor variables, using the f-test and 
(type III) simultaneous sums of squares.  Non-significant predictor variables were 
eliminated from the models.  The significance of the slope of the relationship between 
response and predictor variables was tested with a one-way t-test (SAS, PROC GLM, 
SAS Institute 1999).  Response and predictor variables were transformed as necessary 
to satisfy linearity requirements.  Assumptions of linearity between response and 
predictor variables as well as between residuals and predictor variables, equal variance 
of residuals, and normality of residuals were satisfied for all results presented.  
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Outliers were identified by assessing leverage plots and Cook’s Distance; where 
outliers were identified, results are presented for models with and without the outlier 
observations. 
RESULTS AND DISCUSSION 
Solute chemistry of wetland peat porewater 
 Solute chemistry varied markedly among wetland types, and reflected 
differences in hydrogeologic setting (Table 3.1).  Headwater wetlands receive a 
majority of their solute inputs from precipitation and are thus relatively dilute; 
whereas, riparian wetlands receive a substantial quantity of solutes from upwelling 
groundwater.  As compared to riparian wetlands, headwater wetlands in this study 
were characterized by low concentrations of inorganic electron acceptors (e.g., nitrate, 
sulfate) and reduced species (e.g., reduced iron, sulfide), negative ANC values 
indicative of low concentrations of base cations, low pH (circa pH 4.1), and high 
concentrations of DOC (Table 3.1).  Deep peat and shallow peat riparian wetlands had 
similar concentrations of nitrate and sulfate; whereas deep peat riparian wetlands had 
lower reduced iron concentrations but higher sulfide concentrations than shallow peat 
riparian wetlands (Table 3.1).  The pH also differed between the deep peat and 
shallow peat riparian wetlands (pH 4.9 and 5.6, respectively).  DOC concentrations in 
deep peat riparian wetlands were double those of the shallow peat riparian wetlands.  
ANC was most positive in the shallow peat riparian wetlands, reflecting contribution 
of base cations from the predominance of groundwater discharge zones. 
 Methyl mercury concentrations in peat porewater varied among wetland types, 
within wetland types, and with season (see Chapter 2, Figure 2.1a,b,c, Figure 2.2).  
Although solute chemistry associated with differences in the hydrogeologic setting of 
different wetland types may influence the mode and efficiency of mercury 
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Table 3.1.  Wetland peat porewater solute chemistry from 50 cm depth water table wells and soil water temperature in different 
wetland types in the Sunday Lake watershed. 
Mean (SE), n n Min Max Mean (SE) n Min Max Mean (SE) n Min Max
NO3
- (umol/L) 0.47 (0.33) 43 0.01 14.0 12.6 (2.7) 24 0.82 52.9 9.9 (2.6) 37 0.05 68.1
SO4
-2 (umol/L) 7.58 (1.17) 43 1.78 44.8 35.0 (4.9) 24 4.8 86.3 43.8 (3.0) 37 0.41 76.01
Fe+2 (umol/L)  10.37 (2.97) 16 0.36 44.0 78.7 (16.8) 10 17.6 182.3 150.0 (53.8) 12 1.61 595.2
S-2 (umol/L) 1.94 (0.48) 16 <0.01 5.93 16.9 (9.7)* 10 1.53 103.0* 3.8 (1.0) 12 0.03 9.2
DOC (mg/L) 27.3 (1.8) 43 8.0 56.4 10.5 (1.5) 24 0.45 25.9 5.3 (1.0) 37 1.1 31.5
pH (air eq) 4.1 (<0.1) 43 3.9 4.7 4.9 (0.1) 24 4.4 6.1 5.6 (0.1) 37 4.2 7.0
ANC (ueq/L)  -80.3 (5.2) 43 -143.5 -4.4 26.4 (18.8) 24 -30.8 311.0 79.6 (20.2) 37 -47.4 415.3
In Field Measurements:
pH (field) 4.1 (0.1) 43 3.8 5.6 4.8 (0.1) 24 4.2 5.9 5.5 (0.1) 37 4.1 6.8
Conductivity  (uS/cm) 39.1 (2.2) 43 13.8 97.8 31.1 (2.8) 24 13.7 78.3 29.6 (1.8) 37 13.7 54.8
Groundwater Temperature:
Apr no data no data no data
Jun 11.5 (0.3) 7 10.6 (1.1) 5 12.6 (0.4) 7
Aug no data no data no data
Sep 16.9 (1.0) 9 14.5 (0.1) 2 17.6 (1.6) 4
Dec no data* 3.9 (0.1) 2 4.1 (0.5) 8
* Excluding one outlier sulfide concentration (103.0 umol/L), Mean(SE) = 7.4 (1.8) umol/L, n = 9, Max = 18.8 umol/L.
Headwater Wetlands Deep Peat Riparian Wetlands Shallow Peat Riparian Wetlands
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transformation to methyl mercury, broad scale factors such as wetland type, location 
along the wetland transect, and seasonality alone were poor predictors of methyl 
mercury concentrations. 
Mercury supply and net mercury methylation 
 High concentrations of Hgd provided the potential “substrate” from which high 
concentrations of MeHgd could be produced in the porewater of all wetland types 
(<0.5 to 7.89 ng/L Hgd , <0.02 to 5.79 ng/L MeHgd; Figure 3.1a); that is MeHgd 
increased with increasing concentrations of Hgd (ln transformed response variable, 
n=100, p<0.0001).  In contrast, net methyl mercury production (as inferred from 
%MeHgd) increased with decreasing Hgd concentration (ln transformed response 
variable, n=100, p=0.0129).  However, only the slope of the relationship between Hgd 
and MeHgd in the shallow peat riparian wetland was significantly different from zero 
when data from individual wetlands were considered (ln transformed response 
variable, n= 34, p=0.0192; Figure 3.1b).  Across all wetlands, %MeHgd ranged from 0 
to 95% in wetland peat porewater, with 68% of all values exceeding 10%MeHgd, 35% 
of all values exceeding 25%MeHgd, and 13% of all values exceeding 50%MeHgd 
(Figure 3.1b).  Not surprisingly, this extent of net methylmercury production was 
much higher than %MeHg values observed for stream water within this watershed 
(Figure 3.1c), and exceeds most porewater and stream water %MeHg values reported 
in the literature.  In comparison, Shanley et al. (2005) reported a methylation 
efficiency of 3.9% for 177 stream water measurements in the Norhteastern USA.  
Microbial ecology research using soils from shallow riparian wetlands in this 
watershed shows a complete lack of demethylation potential (M. Hines, personal 
communication), and this could help explain observed high rates of net methylmercury 
production (%MeHg) in the shallow peat riparian wetlands. 
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Figure 3.1.  Scatterplots showing the relationship between (a) dissolved mercury 
(Hgd) and methylmercury (MeHgd) in wetland peat porewater, (b) Hgd and %MeHgd 
in wetland peat porewater, and (c) Hgd and %MeHgd in stream water of different 
wetland types of the Sunday Lake watershed. 
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Evidence of redox inhibition of mercury methylation in riparian wetlands 
 The activity of anaerobic microbial communities under reducing conditions is, 
to some extent, controlled by redox conditions.  Based on the energetic efficiency of 
anaerobic microbial respiration using various electron acceptors (e.g., nitrate, iron, 
sulfate), nitrate reducers should inhibit both iron reducers and sulfate reducers, and 
iron reducers should inhibit sulfate reducers (in the range of ~pH4 to pH7, Richardson 
and Vepraskas 2001).  Thus, the presence of nitrate should inhibit the microbial 
methylation of mercury by both iron and sulfate reducers, and the presence of oxidized 
iron, in the presence of iron reducers, should inhibit microbial methylation by sulfate 
reducers.   
 In this study, high MeHgd concentrations occurred at low nitrate concentrations 
(ln transformed response and predictor variables, n=100, p<0.0001), suggesting that 
nitrate inhibits the microbial methylation of mercury by iron and sulfate reducers 
(Figure 3.2a).  However, only the slope of the relationship in the shallow peat riparian 
wetland was significantly different from zero when data from individual wetlands 
were considered (ln transformed response variable, n= 34, p=0.0153; Figure 3.2a).  
Similarly, high MeHgd concentrations occurred at low Fe(II) concentrations (ln 
transformed response variable, n=32, p=0.0394, with two data points at the origin 
removed).  As was the case for the relationship between MeHgd and nitrate, only the 
slope of the relationship between MeHgd and Fe(II) for the shallow peat riparian 
wetlands was different from zero at a moderately significant level (ln transformed 
response and predictor variable, n = 10, p=0.0595, with one observation at the origin 
removed; Figure 3.2b).  Because Fe(II) was only measured in August and September, 
the resulting smaller sample size and range of data make it difficult to demonstrate 
statistical significance of observed patterns.  Nevertheless, the inverse relationship 
between MeHgd and Fe(II) could be interpreted in two ways: (1) that the presence of 
 100 
 
 
Headwater
Deep Peat  Riparian
Shallow Peat Riparian
(a)
0
1
2
3
4
5
6
7
10 20 30 40 50 60 70 80
NO3- (umol/L)
M
eH
g d
(n
g/
L)
(b)
0
1
2
3
4
5
6
7
100 200 300 400 500 600 700
Fe2+ (umol/L)
M
eH
g d
(n
g/
L)
M
eH
g d
(n
g/
L)
M
eH
g d
(n
g/
L)
M
eH
g d
(n
g/
L)
M
eH
g d
(n
g/
L)
 
Figure 3.2.  Scatterplots showing the relationship between (a) nitrate (NO3-) and 
dissolved methyl mercury (MeHgd), and (b) reduced iron (Fe2+) and methyl mercury 
(MeHgd) in wetland peat porewater of different wetland types of the Sunday Lake 
watershed. 
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iron reducers also inhibits the biological methylation of mercury by sulfate reducers; 
or (2), that the ferrous iron suppresses net methylmercury production by decreasing 
overall sulfide activity and thus decreasing the total dissolved mercury concentrations 
(i.e., neutral dissolved mercury sulfide complexes, sensu Mehrotra et al. 2003).  Note 
that there was no significant relationship between ferrous iron and sulfide, even 
though the highest sulfide concentrations appeared to occur at low [Fe(II)] (Figure 
3.3).  Thus, the presence of mercury, sulfate, sulfate reducing bacteria, adequate 
carbon substrate, and anoxic conditions may not always induce high methyl mercury 
concentrations, as microbial sulfate reduction may be inhibited by competing 
biological processes such as denitrification and iron reduction, as well as the potential 
lowering of dissolved mercury sulfide activity through ferrous iron interactions with 
sulfide.  
 Although it is tenuous to infer the production of methyl mercury by sulfate 
reduction from the consumption of sulfate in field studies, our data do show patterns 
of increasing MeHgd concentrations with decreasing sulfate concentrations within 
wetland porewater across all wetland types (ln transformed response variable, n=102, 
p=0.0001; Figure 3.4a).  However, when wetland types are analyzed separately, this 
inverse relationship holds only for the deep peat riparian (ln transformed response 
variable, n=24, p=0.0080) and combined deep peat riparian and shallow peat riparian 
dataset (ln transformed response variable, n= 60, p=0.0077, wetland type differences 
were not significant).  Sulfide concentrations also increased with decreasing sulfate 
concentrations in shallow peat riparian porewater (non-transformed data, n = 12, 
p=0.0019) and for a combined deep peat riparian and shallow peat riparian porewater 
dataset (non-transformed data, n=17, p=0.0002, wetland type differences were not 
significant; the small deep peat riparian dataset alone yielded only a moderately 
significant result, p=0.0875). 
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Figure 3.3.  Scatterplots showing the relationship between ferrous iron (Fe2+) and 
sulfide (S2-) in wetland peat porewater of different wetland types of the Sunday Lake 
watershed.  Two different scales are shown in order to demonstrate the relationship 
both with and without the outlier at sulfide concentration 103 umol/L. 
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Figure 3.4.  Scatterplots showing the relationship between sulfate (SO42-) and (a) 
dissolved methyl mercury (MeHgd) in peat porewater, (b) sulfide in peat porewater, 
and (c) MeHgd in stream water in different wetland types in the Sunday Lake 
watershed. 
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 These results suggest that sulfate reduction is likely responsible, in part, for the 
observed high net methyl mercury production (Figure 3.1a,b).  MeHgd concentration 
in stream water of the deep and shallow peat riparian wetlands also peaked at low 
sulfate concentrations (ln transformed response and predictor variable, n=10, 
p=0.0003 for shallow peat riparian stream water; ln transformed response and 
predictor variable, n = 20, p=0.0001, for the deep peat riparian stream water with one 
outlier removed to satisfy model assumptions; Figure 3.4c).  The absence of this 
inverse relationship between MeHgd and sulfate within the headwater wetland 
porewater may suggest that mercury methylation by sulfate reducing bacteria is less 
important in headwater wetlands, or that the SRB community in headwater wetlands is 
less active (precipitation inputs of sulfate to the headwater wetlands are small), or that 
demethylation is more important to net methyl mercury production in headwater 
wetlands than in the riparian wetlands (Figure 3.4c). 
DOC and net mercury methylation 
 The relationship between DOC and MeHg concentration, and between DOC 
and %MeHg, appear to differ among wetland types (Figure 3.5a,b,c, Figure 3.6a,b,c).  
However, only two of the observed patterns showed any statistically significant result.  
In shallow peat riparian wetlands, %MeHg concentrations increased with decreasing 
DOC concentration (ln transformed response variable, n=32, p=0.0003; Figure 3.6a); 
whereas, MeHg concentrations increased with increasing DOC concentration in 
headwater wetlands (ln transformed response variable, n=40, P=0.0383, with two 
outliers between 50-60 mg/L DOC removed; p=0.6490 with no outliers removed).  
Evidence of redox inhibition of mercury methylation was conspicuously absent from 
headwater wetlands.  However, headwater wetlands had low concentrations of both 
nitrate and iron (Table 3.1), and thus the conditions under which inhibition would 
 105 
 
0
1
2
3
4
5
6
7
10 20 30 40 50 60
0
1
2
3
4
5
6
7
10 20 30 40 50 60
Deep Peat Riparian
0
1
2
3
4
5
6
7
10 20 30 40 50 60
DOC (mg/L)
M
eH
g d
(p
/f,
 n
g/
L)
Shallow Peat Riparian(a)
(b)
M
eH
g d
(p
/f,
 n
g/
L)
DOC (mg/L)
Headwater(c)
DOC (mg/L)
M
eH
g d
(p
/f,
 n
g/
L)
Headwater
Deep Peat  Riparian
Shallow Peat Riparian
M
eH
g d
(p
/f,
 n
g/
L)
M
eH
g d
(p
/f,
 n
g/
L)
M
eH
g d
(p
/f,
 n
g/
L)
M
eH
g d
(p
/f,
 n
g/
L)
M
eH
g d
(p
/f,
 n
g/
L)
M
eH
g d
(p
/f,
 n
g/
L)
 
Figure 3.5.  Scatterplots showing the relationship between dissolved organic carbon 
(DOC) and dissolved methyl mercury (MeHgd) in (a) shallow peat riparian wetlands, 
(b) deep peat riparian wetlands, and (c) headwater wetlands in the Sunday Lake 
watershed. 
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Figure 3.6.  Scatterplots showing the relationship between dissolved organic carbon 
(DOC) and %MeHgd in (a) shallow peat riparian wetlands, (b) deep peat riparian 
wetlands, and (c) headwater wetlands in the Sunday Lake watershed. 
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occur were not present in these wetlands.  Despite the lack of inhibiting processes, 
neither MeHgd concentrations nor %MeHg in the headwater wetlands were 
consistently higher than in the riparian wetlands.  In fact, net methylation increased 
disproportionately in the shallow peat riparian wetlands during August and September 
when water tables were low and soil water temperatures were high (see Chapter 2, 
Figure 2.2, Table 3.1). 
 It is possible that processes other than mercury methylation by microbial 
sulfate reduction contribute to methyl mercury production within the headwater 
wetlands.  Both iron and sulfate concentrations were low in the porewater of 
headwater wetlands (Table 3.2), and there was only limited evidence of sulfate 
consumption in association with high concentrations of MeHgd in the headwater 
wetlands (Figure 3.6c).  Note that this finding cannot entirely rule out the role of 
sulfate reduction in the methylation of mercury in the headwater wetlands; that is, 
sulfur cycling and re-cycling in this low sulfate ombrotrophic bog may be rapid, as has 
been shown to be the case in high sulfate ombrotrophic bogs (Wieder and Lang 1988).  
However, given the lack of clear redox control over net methyl mercury production 
(Figure 3.2a,b) and the increased potential for high MeHgd concentrations that occurs 
with increases in DOC concentrations in headwater wetlands (Figure 3.5c), it is 
possible that DOC-mediated abiotic methylation of mercury contributes to high net 
methyl mercury concentrations observed in headwater wetlands (sensu Weber 1993, 
Loseto et al. 2004). 
CONCLUSIONS 
 Hydrogeologic setting influences the solute chemistry and the mode of 
decomposition in different wetland types, and these differences may suggest 
differences in the mechanism responsible for mercury methylation in these different 
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wetland environments.  In shallow peat riparian wetlands, maximum net methyl 
mercury production appears to result from high rates of methylation by active sulfate 
reducer communities in conjunction with low rates of demethylation.  Nitrate and iron 
appear to inhibit methyl mercury production.  In the headwater wetlands, there is little 
evidence that microbial sulfate reduction alone is responsible for the observed patterns 
in net methyl mercury production.  It is possible that abiotic methylation contributes to 
the pattern of net methyl mercury production in headwater wetlands, along with 
reduced activity of sulfate reducers and greater rates of methyl mercury 
demethylation.  Much research is needed to elucidate the in situ controls on net 
mercury methylation in different wetland types across the landscape. 
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CHAPTER FOUR: 
HYDROLOGIC FLOW PATHS, SOURCE AREAS, AND SUPPLY OF 
DISSOLVED ORGANIC CARBON LINK EPISODIC ACIDIFICATION 
AND MERCURY MOBILIZATION DURING SNOWMELT.  
ABSTRACT 
 I quantified hydrologic source areas and flow paths, acid-base and aluminum 
chemistry, dissolved organic carbon dynamics, and mercury mobilization during 
snowmelt at the Hubbard Brook Experimental Forest (HBEF), NH USA.  This study 
shows: (1) episodic acidification during snowmelt at the HBEF is controlled by 
multiple mechanisms (base cation dilution, nitrate and aluminum acidity, and natural 
organic acids) and persists despite long-term decreases in acidic deposition; (2) 
episodic acidification continues to result in mobilization of inorganic monomeric 
aluminum to concentrations toxic to fish; (3) DOC mobilized from shallow organic 
soils during snowmelt results in the mobilization of mercury from these same sources; 
(4) methyl mercury may be produced in the forest floor over winter and flushed from 
soils during snowmelt; (5) the amount of mercury released during snowmelt likely 
represents a large portion of annual mercury export; and (6) hydrologic source areas 
and flow paths, and DOC dynamics, strongly influence episodic acidification and the 
mobilization of mercury, even in a watershed with low stream water DOC 
concentrations and export. 
INTRODUCTION 
 Environmental perturbations such as acid and mercury deposition do not occur 
in isolation, and ecosystem recovery from such perturbations will likely have some 
degree of interdependence.  Hydrological processes and dissolved organic carbon 
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(DOC) dynamics that link terrestrial and aquatic ecosystems are, in part, drivers of 
episodic acidification, aluminum mobilization, and mercury transport from terrestrial 
to aquatic ecosystems.  Although previous stream research has demonstrated a strong 
relationship between mercury concentration and discharge (e.g., Schuster et al. 2008, 
Balogh et al. 2006, Shanley et al. 2005, Shanley et al. 2002, Babiarz et al. 1998, 
Scherbatskoy et al. 1998, Bishop et al. 1995), and between mercury and water column 
carbon (i.e., POC, DOC; e.g., Meili 1991, Shanley et al. 2002, Kolka et al. 2001), no 
previous studies have made detailed multi-solute observations of acid-base and 
aluminum chemistry in conjunction with mercury species across event hydrographs.  
By quantifying mercury mobilization within the context of episodic acidification, the 
objective of this study was to improve understanding of hydrologic and 
biogeochemical controls governing mercury transport from terrestrial to aquatic 
ecosystems. 
 Terrestrial ecosystems mediate the transport of atmospheric deposition to and 
thus the ultimate effects of atmospheric deposition on surface waters.  The degree to 
which acid deposition acidifies surface waters is a function of watershed 
characteristics, including elevation, forest type, bedrock, soil depth, base saturation, 
and hydrologic flow paths (e.g., Lovett et al. 1996, Schaefer et al. 1990, Driscoll et al. 
1987, Newton et al. 1987, Chen et al. 1984).  Acidification of these drainage waters, in 
turn, facilitates the export of labile (inorganic) monomeric aluminum (Ali; Driscoll 
and Postek 1995, Driscoll et al. 1985, Johnson et al. 1981).  Watersheds additionally 
mediate surface water acidification and aluminum mobilization through the supply of 
natural organic solutes (i.e., dissolved organic carbon, DOC) (Driscoll et al. 1994, 
Cirmo and Driscoll 1993, Driscoll et al. 1989, Driscoll et al. 1988).  Thus, the mode 
and magnitude of surface water acidification and aluminum mobilization is a function 
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of both atmospheric deposition, and the hydrological and biogeochemical processes 
characteristic of individual watersheds.   
 Similarly, terrestrial ecosystems also mediate the transport of mercury, 
influencing the amount, timing, and chemical form that is ultimately delivered to 
aquatic ecosystems. Watershed characteristics affect the amount of mercury deposited 
to the landscape as well as the form of mercury that is delivered to surface waters.  In 
general, forests enhance mercury deposition to terrestrial ecosystems (St Louis et al. 
2001, Rea et al. 2002), and there is some evidence that forest type influences the 
magnitude and form of mercury deposited (Demers et al. 2007, Miller et al. 2005).  
Despite enhanced deposition of mercury, upland forest watersheds generally exhibit 
lower export of mercury than agricultural and wetland dominated watersheds, due to 
lower particulate mercury losses in comparison to agricultural ecosystems and lower 
dissolved mercury losses in comparison to wetland ecosystems.  The strong retention 
of mercury in soils of upland ecosystems is linked to organic matter (Grigal 2002, 
2003, Yin et al. 1997, Meili 1991), likely associated with reduced sulfur and nitrogen 
groups (i.e., thiols, amines; Khwaja et al., 2006; Drexel et al., 2002; Skyllberg et al., 
2000).  Subsequent mobilization of mercury is dependent upon decomposition and 
erosional processes that release dissolved and particulate organic matter.  Wetlands 
also influence the form of mercury released to surface waters, and the amount of 
methyl mercury in fish has been correlated with the percentage of wetlands within the 
entire watershed (Driscoll et al., 1995), as ionic mercury is transformed to methyl 
mercury within anoxic wetland soils (Branfireun et al., 1998; St. Louis et al., 1996).  
Thus, the magnitude and form of mercury mobilized from the terrestrial ecosystem to 
surface waters is also a function of both the atmospheric deposition, and the 
hydrological and biogeochemical processes as influenced by watershed characteristics. 
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 Terrestrial ecosystems that have been previously impacted by acid deposition 
may subsequently limit recovery of affected aquatic ecosystems following reductions 
in inputs.  Recovery of acid-impacted watersheds is dependent upon not only 
reductions in acidic deposition, but also the rate of chemical weathering that will re-
supply base cations leached during soil acidification and the net loss of sulfur stored 
from a legacy of elevated atmospheric sulfur deposition (Driscoll et al., 2001).  
Recovery of surface waters (and associated fisheries) from mercury contamination is, 
in part, dependent upon the rate at which mercury is transferred from the uplands to 
downstream aquatic ecosystems; that is, the residence time of mercury in the terrestrial 
soil environment.  Because mercury transport has been linked to DOC transport, 
changes in the mobilization of DOC that may occur in concert with environmental 
change or recovery from acidification may significantly affect mercury transport.  In 
order to predict the recovery of surface waters from elevated atmospheric acid and 
mercury deposition (e.g., acidification and associated aluminum toxicity, mercury 
contamination), it is imperative to not only understand the biogeochemical processes 
and hydrologic connectivity governing chemical transfer between terrestrial and 
aquatic ecosystems, but also how recovery from environmental perturbations may be 
linked through those biogeochemical processes and hydrologic controls. 
 Hydrologic connectivity between uplands and surface waters is dynamic, with 
changes in hydrologic flow paths being driven by storm events and seasonal 
fluctuations.  As water tables rise, longer flow paths through deeper terrestrial soils 
can be short-circuited (e.g., Dittman et al. 2007, Chen et al. 1984).  At sites where the 
rate of infiltration is high (as at HBEF, Pierce 1967) hydrologic events may result in 
shallow lateral flow through organic rich soils, thus promoting the transport of DOC to 
surface waters.  In the absence of lateral flow, soil solutions migrate vertically through 
the soil profile, resulting in podzolization, as aluminum and iron are leached from 
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upper mineral horizons and immobilized in lower mineral horizons by organic acids 
derived from leaf litter and the forest floor (Driscoll and Postek 1995, Deconnick 
1980).  Thus, as flow paths and source areas shift in response to hydrologic events, a 
corresponding shift occurs in the composition of soil solutions contributed to surface 
waters. 
 Despite changes in flow paths during high flow events, Likens and Bormann 
(1995) show that the concentrations of many chemical components change little with 
increases in discharge at the Hubbard Brook Experimental Forest.  In contrast, the 
concentration-discharge relationships for TSS, DOC, and mercury are more dynamic 
at the HBEF and at other sites (e.g., Shanley 2002, Scherbatskoy 1998, Bishop 1995, 
Likens and Bormann 1995) and result in an exponential increase in total flux as 
concentration increases with increasing discharge.  In dilute systems, even small 
changes in concentration-discharge dynamics can have important implications, 
especially where ecological effects may be threshold dependent.  For example, high 
nitrate pulses during snowmelt can have deleterious effects on the water quality of 
downstream ecosystems (e.g., Sullivan et al. 1997, Schaefer et al. 1990, Driscoll et al. 
1987, Driscoll and Schafran 1984), and associated increases of labile (inorganic) 
monomeric aluminum may be harmful to aquatic biota if toxic thresholds are exceeded 
(e.g., Baker et al. 1996, Van Sickle et al. 1996, Gagen et al. 1993,1994, Baker and 
Schofield 1982).  Thus, knowledge of both the total annual load and the timing and 
distribution of the delivery of those loads from uplands to surface waters is important 
in assessing the recovery of aquatic ecosystems in response to decreases in the 
deposition of atmospheric pollutants to terrestrial watersheds. 
 High flow events are also important to the transfer of mercury from watersheds 
to surface waters (Schuster et al. 2008, Shanley et al. 2002, Scherbatskoy et al. 1998), 
and the quantity and form of mercury flux during high flow events is dependent upon 
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watershed characteristics (e.g., Babiarz et al. 1998, Hurley et al. 1998, Hurley et al. 
1995, Bishop et al. 1995).  Recent evidence suggests that mercury retention within 
terrestrial ecosystems of the midwestern and northeastern United States and Canada 
has declined from about 95% to 78% of annually deposited mercury (Engstrom and 
Swain 1997, Lorey and Driscoll 1999, Kamman and Engstrom 2002).  However, there 
is currently a lack in understanding of the mechanisms that govern the release of 
mercury from terrestrial soils (Munthe et al. 2007).  Hence, although it is important to 
constrain current estimates of mercury flux from the terrestrial landscape, it is also 
essential to strive for a mechanistic understanding of the hydrological and 
biogeochemical processes governing the transfer of mercury from soils to surface 
waters. 
 In this study I use base flow and soil solution chemistry as end-members from 
which to model event flow paths and contributing source areas during snowmelt in the 
reference watershed (W6) at the Hubbard Brook Experimental Forest.  I provide 
detailed observations of acid-base and aluminum chemistry, DOC dynamics, and 
mercury mobilization across the snowmelt hydrograph.  Based on observations of 
acid-base chemistry, DOC dynamics, and modeled hydrologic flowpaths, I infer 
source and process level controls on mercury mobilization.  This study shows that the 
dynamics of episodic acidification, aluminum mobilization, and mercury transport are 
linked through hydrological and biogeochemical processes that influence the source 
and character of the DOC supply from terrestrial to aquatic ecosystems. 
METHODS 
Site description 
 In this study I quantified soil solution and stream chemistry in watershed 6 
(W6) at the Hubbard Brook Experimental Forest (HBEF) in the southern White 
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Mountains of New Hampshire, USA (43o56’ N, 71o45’ W).  Watershed 6 (W6), the 
biogeochemical reference watershed at the HBEF, is 13.2 hectares in area, located on 
the south facing slope (mean slope 15.8o, aspect S32oE), has an elevation ranging from 
~540 m at the weir to ~800 m on the ridge, and is gauged with a modified San Dimas 
flume (Likens and Bormann 1995, www.hubbardbrook.org). 
 The climate of the HBEF is humid continental, with short, cool summers and 
long, cold winters (Likens and Bormann 1995).  Average daily mean temperature 
(1956-2000) is 5.6oC, with mean monthly temperature increasing to 18.7oC in July, 
and decreasing to - 8.3oC in January (Bailey et al. 2003).  Average annual precipitation 
at the HBEF (W6) is ~1,400 mm (Bailey et al. 2003), with ~30% delivered as snow 
(Likens and Bormann 1995).  A snowpack develops and usually persists from mid-
December through mid-April.  At an elevation of ~560 m (reflecting low to mid 
elevation hardwoods on the south facing slope), peak snow depth (~1.0 -1.5 m) occurs 
in March, and has a snow water equivalent (SWE) of ~200 mm (Bailey et al. 2003).  
As a result of this snowpack, forest soils usually remain unfrozen throughout the 
winter (Likens and Bormann 1995).  Annual estimated evapotranspiration is ~500 mm 
(Bailey et al. 2003).  Precipitation is distributed evenly throughout the year, whereas 
approximately one third of total streamflow occurs during the snowmelt period (late 
March through early May).  Soils at the HBEF are well-drained Spodosols, 
predominantly Haplorthods of sandy loam texture (Johnson et al. 2000; Likens and 
Bormann 1995).  Precipitation (and snowmelt) infiltrates the soil rapidly, resulting in 
negligible overland flow (Detty 2008, Pierce 1967). 
 Stream chemistry at the weir during snowmelt was interpreted within the 
context of soil solutions and longitudinal stream samples taken from W6 on 28 April 
2005.  This snapshot characterization of acid-base chemistry and DOC dynamics 
along this elevational gradient was obtained from monthly monitoring ongoing at 
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HBEF since ~1984 (Johnson et al. 2000).  Watershed 6 was initially divided into three 
subcatchments of roughly equal area based on elevation and topography (Figure 4.1); 
subsequently, W6 was divided into vegetation zones.  The uppermost subcatchment 
(~710 m – 800 m) represents ~41% (5.4 ha) of the watershed (as calculated from grid 
map data at www.hubbardbrook.org).  Within the uppermost elevational 
subcatchment, the spruce-fir-birch (SFB) and the high elevation hardwoods (HH) are 
the dominant vegetation zones.  The dominant vegetation in the SFB zone includes red 
spruce (Picea rubens Sarg.), balsam fir (Abies balsamea L.), and white birch (Betula 
papyrifera var. cordifolia Marsh.).  The SFB zone (1.6 ha, ~12% of total catchment 
area) occurs along the ridge in the northeastern corner of the watershed, where the 
topography is relatively flat, soils and till are shallow, and some bedrock is exposed.  
Soils in the SFB zone have a thick O horizon (~ 8.9 cm) and an average total depth of 
42.8 cm to C horizon or bedrock (Johnson et al. 2000).  The high hardwood zone (HH, 
3.4 ha, ~26% of total catchment area) covers most of the rest of the upper 
subcatchment, and is dominated by American beech (Fagus grandifolia Ehrh.), yellow 
birch (Betula allegheniensis Britt.), and sugar maple (Acer saccharum Marsh.).  Soils 
in the high hardwoods are generally deeper (~6.0 cm O horizon, ~64.5 cm total depth) 
but often lie directly on bedrock with no C horizon present (Johnson et al. 2000).  The 
middle subcatchment (~625 m to 710 m, 4.5 ha) is mostly dominated by sugar maple 
and beech.  The lower subcatchment (~540 m to 625 m, 3.1 ha) is a more equal mix of 
sugar maple, beech, and yellow birch.  Together, the middle and lower subcatchments 
are collectively studied as the low hardwoods zone (LH, 7.9 ha, ~60% of total 
catchment area).  The soils in the LH zone are deeper, and underlain by dense glacial 
till (~6.4 cm O horizon, ~60.5 cm total depth to C horizon), and the stream flows 
continuously at this elevation except in times of drought (Johnson et al. 2000). 
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Figure 4.1.  Diagram of watershed 6 at the Hubbard Brook Experimental Forest 
(HBEF) in the White Mountains of New Hampshire, USA, showing elevational 
subcatchments and vegetation zones, soil solution lysimeter plots, and longitudinal 
stream sampling points (adapted from data online at www.hubbardbrook.org).  
Elevation at each grid corner available online.  Abbreviations are SFB, high-elevation 
spruce-fir-birch; HH, high-elevation hardwood; LH, low-elevation hardwood.  The 
location of the HBEF is denoted by the star on the inset map of the northeastern 
United States. 
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Sampling procedures 
 Stream samples obtained to characterize stream water chemistry across the 
snowmelt hydrograph were taken just above the weir in W6.  Samples for mercury 
analyses were collected in new 2-L PETG bottles, using clean procedures (USEPA, 
1996).  Samples for analysis of dissolved organic carbon (DOC) and total suspended 
solids (TSS) were collected in clean, oven-baked 1L amber glass bottles.  Stream 
water for the remaining chemical analyses was collected in polyethylene bottles and 
filled to minimize headspace.  Samples were kept cold and in the dark until sample 
filtering and preservation was completed within 48 hours of sampling. 
 Soil solutions were collected during the snowmelt period from tension-free 
lysimeters installed in the Oa, Bh and Bs soil horizons at 3 sites adjacent to W6 at 
elevations of 750 m (SFB zone), 730 m (HH zone), and 600 m (LH zone).  Additional 
information about lysimeter placement, construction, and installation is available 
(Johnson et al. 2000, Dahlgren and Driscoll 1994, Driscoll et al. 1988, and online at 
www.hubbardbrook.org).   
 Longitudinal stream samples were collected from 6 sites spaced along an 
elevational gradient between the stream origin and the weir in W6 (Figure 4.1), and 
were collected in conjunction with soil solutions.  Stream sites 1 and 2 primarily drain 
the SFB zone, sites 3 and 4 primarily drain the SFB and HH zones, and sites 5 and 7 
drain the combined SFB, HH, and LH zones (there is no site 6; Palmer et al. 2004).  
Snow depth and snow water equivalent (SWE) were measured weekly at elevations of 
560 m and 760 m on the south facing slope at the HBEF, and reflect snow conditions 
at low to mid elevation hardwood forests and high elevation hardwood forests, 
respectively (Bailey et al. 2003; Bailey 2005, HBEF Snow Depth and Snow Water 
datasets online at www.hubbardbrook.org). 
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Chemical analyses 
 Standard procedures were used for the analysis of chemical parameters in 
stream water samples.  The pH, acid neutralizing capacity (ANC), and dissolved 
inorganic carbon (DIC) were determined for bulk (unfiltered, unpreserved) samples.  
The pH was measured in the laboratory using a glass combination electrode after 
calibration using pH 4.00 and pH 7.00 buffer solutions; pH measurements were made 
on a 50 ml aliquot of sample just prior to analysis of ANC.  In order to determine 
ANC, a separate 50 ml aliquot was subsequently titrated with 0.1N hydrochloric acid 
(HCl) using the same electrode and a Brinkmann Metrohm 716 DMS Titrino auto-
analyzer and the Brinkmann Titrino Work Cell Version 4.3.  Acid neutralizing 
capacity was determined by analyzing the titration data using a modified Gran analysis 
(Kramer 1982, Butler 1982, Kramer 1984, Gran 1952).  DIC was measured in 
conjunction with the pH and ANC analyses by acidifying a separate 40 ml aliquot with 
phosphoric acid and purging the solution with nitrogen gas, thus converting and 
removing all carbonate species as carbon dioxide; the resulting CO2 was quantified 
using a non-dispersive infrared detector on a Dohrmann Phoenix 8000 Analyzer. 
 Cations, anions, silica, and monomeric aluminum (Alm) samples were syringe 
filtered (0.45 µm polypropylene) prior to analysis.  Samples for analysis of cations 
(K+, Na+, Mg2+, Ca2+, Fe3+, Mn2+) were acidified to 1% nitric acid and analyzed on a 
Perkin Elmer ELAN 6100 ICP-MS, using U.S. EPA Method 200.8.  Anions (F-, Cl-, 
NO3-, SO4-2) were analyzed by ion chromatography with chemical suppression of 
eluent conductivity using an Ion-Pac AS18 column (Dionex).  Dissolved silica (SiO2), 
ammonium (NH4+), and monomeric aluminum (Alm) were analyzed colorometrically 
with a Bran & Luebbe Auto Analyzer.  Dissolved silica was analyzed using an 
automated method for molybdate-reactive silica based on the heteropoly blue method 
(APHA 1998, 4-158 to 4-160).  Ammonium (NH4+) was determined by the automated 
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phenate method (APHA 1998, 4-110).  Total monomeric aluminum (Alm) was 
determined by reaction with pyrocatechol violet (PCV, McAvoy et al.1992); organic 
(nonlabile) monomeric aluminum (Alo) was determined by placing a cation-exchange 
column in the sample path to remove inorganic (labile) monomeric aluminum (Ali); 
thus Ali is determined by subtraction (i.e., Ali = Alm – Alo; Driscoll 1984). 
 For determination of TSS, a one liter sample was filtered through a pre-
weighed glass fiber filter (0.7 µm, pre-baked at 450oC) into a clean flask.  The filtrate 
was then sub-sampled for analysis of DOC with a Dohrmann Phoenix 8000 Analyzer 
using the persulfate-ultraviolet oxidation method (APHA 1998, 5-22, 5310C).  The 
sample bottle was then rinsed thoroughly (3x) with de-ionized water and this rinse 
water was filtered through the same glass fiber filter, which was then dried and 
weighed to determine TSS (APHA 1998, 2-58, 2540D).    
 Samples for analysis of mercury were vacuum filtered through a 0.45 µm 
Teflon membrane following clean techniques.  Filters were assembled in clean Teflon 
holders and pre-rinsed with 500 ml of 1% trace metal grade hydrochloric acid, 
followed by 500 ml of de-ionized water to remove residual acidity.  Both filtered and 
unfiltered samples were poured into Teflon bottles subsequent to filtering, acidified to 
0.4% with hydrochloric acid and stored in the dark at 4oC until analysis. The 
concentration of total mercury (all forms of mercury) was determined for both 
unfiltered (Hgt) and filtered (Hgd) samples.  The concentration of particulate bound 
mercury was estimated by difference (i.e., Hgp =  Hgt - Hgd).  Total mercury in stream 
water was analyzed according to EPA Method 1631 using automated CVAFS (Tekran 
2600, USEPA 1998).  The concentration of methyl mercury (MeHg) was also 
determined for both unfiltered (MeHg) and filtered (MeHgd) samples.  Methyl 
mercury in stream water was distilled and analyzed using EPA Method 1630 (USEPA, 
2001). 
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 Samples were analyzed in batches with quality control that included field 
blanks and duplicates, procedural method blanks and duplicates, independent primary 
and secondary source standards, method detection limit check standards, analysis of 
appropriate certified reference materials, matrix spike and matrix spike duplicate 
samples to verify absence of sample matrix interferences, as well as initial and 
ongoing calibration verification standards, initial and ongoing calibration blanks, and 
initial and ongoing precision and recovery standards. 
Acid-base calculations 
 Acid-base chemistry was summarized using the following equations; all 
components are expressed in µeq/L; base cations, metal cations, and inorganic acid 
anions are denoted by CB, Men+, and CA, respectively (Equation 4.1-4.6). 
 
   Cations = [CB] + [Men+] + [H+]    (4.1) 
    [CB] = [Na+] + [K+] + [Mg2+] + [Ca2+] + [NH4+] (4.2) 
    [Men+] = [Al3+] + [Fe3+] + [Mn2+]   (4.3) 
  Inorganic Anions = [CA] + [HCO3-] + [CO32-] + [OH-] (4.4) 
    [CA] = [NO3-] + [SO42-] + [Cl-] + [F-]   (4.5) 
  Calculated Alkalinity = CALK = CB - CA   (4.6) 
 
Organic acid anion [A-] was determined by charge balance discrepancy (Driscoll and 
Newton 1985, Driscoll et al. 1989, Driscoll et al. 1994, Equation 4.7).  We determined 
the charge associated with inorganic monomeric aluminum (Ali) and other metal 
cations from speciation calculations using the chemical equilibrium model CHEAQS 
Pro 2007.1 (CHemical Equilibria in Aquatic Systems, Wilko Verweij, available online 
at http://home.tiscali.nl/cheaqs/index.html).  The proportion of strong acids (As) and 
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weak acids (Aw) were estimated (Munson and Gherini 1993, Equation 4.8, 4.9) and 
organic acid anion charge density was determined by dividing [A-] (µeq/L) by the 
concentration of DOC (µmol/L). 
 
  [A-] = [CB] + [Men+] – [CA] – [HCO3-] + [H+]  (4.7) 
  [As] = [CB] + [Men+] – [CA] – [ANCgran]   (4.8) 
  [Aw] = [A-] – [As]      (4.9) 
Hydrograph separation 
 We performed a hydrograph separation for the snowmelt period by utilizing a 
principal components analysis (PCA, McCune and Grace 2002) combined with an end 
member mixing analysis (EMMA) model following Christophersen and Hooper 
(1992) as well as others (Burns et al. 2001, Wellington and Driscoll 2004).  First, six 
solutes that appeared to mix conservatively were selected based on linear plots of 
pairwise combinations of solutes (i.e., mixing diagrams): F-, SO42-, Alo, Na+, Mg2+ and 
Ca2+.  Second, we performed a PCA on stream water data for these solutes using a 
correlation matrix (which standardizes data) to determine the number of end-members 
required to explain the variability in the data.  PCA was performed on the correlation 
matrix using all six solutes, as well as combinations of five and four solutes.  Based on 
PCA results, we selected a model that: (1) accounted for the greatest variability in 
stream chemistry with two principal components, implying 3 end members; and (2) 
was least likely due to chance based on broken stick eigenvalues (McCune and Grace 
2002).  Third, potential end members were standardized and projected into the space 
defined by the stream water PCA by multiplying the standardized values by the matrix 
of eigenvectors.  Fourth, we chose the set of end members whose orthogonal 
projections best bounded the stream water observations.  Fifth, we performed an end-
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member mixing analysis using the orthogonal projections of these end members to 
determine their ability to reproduce the stream water concentrations.  Finally, we used 
an EMMA model to calculate the contribution of each end member to stream 
discharge at the weir during snowmelt by solving the following simultaneous 
equations (Equations 4.10-4.12) (Christophersen and Hooper 1992, Burns et al. 2001; 
Wellington and Driscoll 2004). 
 
   QT = QBF + QLH + QHH,SFB    (4.10) 
   U1TQT = U1BFQBF + U1LHQLH + U1HH,SFBQHH,SFB (4.11) 
   U2TQT = U2BFQBF + U2LHQLH + U2HH,SFBQHH,SFB (4.12) 
 
where Q is the discharge, U1 and U2 are the first and second principal component 
scores from the PCA, and subscript BF, LH, and HH/SFB denote base flow, lower 
hardwood zone, and the combined high hardwood and spruce-fir-birch zone, 
respectively. 
RESULTS AND DISCUSSION 
Snowmelt hydrograph 
 Snowmelt associated discharge (~357 mm) from 24 March through 7 May 
2005 (DOY 83-127) accounted for ~30.5% percent of total annual discharge (1172 
mm; Campbell and Bailey 2005, Daily Stream Flow dataset online at 
www.hubbardbrook.com).  Overall, flow ranged from 1.3 L/s at base flow to 162 L/s 
during peak flow (Figure 4.2).  Two rain-on-snow events dominated snowmelt 
discharge, the first on 3 April (71 mm, 162 L/s) likely representing a greater 
proportion of snowmelt from the lower elevations, and the second on 24 April (62 
mm, 122 L/s) likely representing a greater proportion of snowmelt from higher 
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elevations (see below for Hydrograph Separation).  These two high flow events 
coincided with 51 mm and 106 mm of rainfall respectively (Figure 4.2; Campbell and 
Bailey 2005, Daily Precipitation dataset online at www.hubbardbrook.com).  
Maximum snow depth in the low to mid elevation hardwoods (at 560 m) was 70.1 cm 
(SWE = 17.5 cm); this low elevation zone was snow-free by approximately 11 April.  
Maximum snow depth in the high hardwoods (at ~760 m) was 93.7 cm (SWE = 23.9 
cm); this higher elevation zone was snow free by approximately 26 April (Bailey, 
2005, Snow Depth and Snow Water datasets online at www.hubbardbrook.org).  Snow 
depth, SWE, timing of snowmelt, the amount of precipitation during snowmelt, and 
snowmelt runoff were near average relative to the long term record at the HBEF 
(Table 4.1).  Sampling coverage included two base flow samples prior to snowmelt (Q 
= 1.3, 1.4 L/s) and one base flow sample after snowmelt (Q=3.1 L/s; Figure 4.2);  the 
remaining samples were obtained over a range of elevated flows (Q = 5.0 to 93.4 L/s), 
although the two largest discharge peaks were sampled only on their descending 
limbs.  Overall, the snowmelt period was well characterized by the sampling effort 
across the hydrograph (Figure 4.2).    
Hydrograph separation 
 A chemical separation of the hydrograph using principal components analysis 
(PCA) and an end member mixing analysis (EMMA) model revealed that a large 
proportion of stream discharge was derived from shallow soil water during the 
snowmelt period (Figure 4.2).  This model result is in good agreement with previous 
research within this watershed (Dittman et al. 2007, Lawrence and Driscoll 1990, 
McDowell 1985).  The first principal component appeared to represent variation 
between deep soil water and shallow soil water contributions to the stream, whereas 
the second principal component appeared to represent differences in soil solution 
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Figure 4.2.  Snowpack, precipitation, discharge, and hydrograph separation based on 
PCA EMMA model during snowmelt at W6 at the Hubbard Brook Experimental 
Forest.  Base flow represents deep soil water. 
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Table 4.1.  Maximum snow depth, maximum snow water equivalent, date of 
completion of snowmelt, precipitation occurring during the snowmelt period, and 
snowmelt runoff for W6 at the Hubbard Brook Experimental Forest.  Data are range, 
mean (+/- 1SE) for the 1985-1994 and 1995-2004 periods.  For the purposes of this 
historic context, the snowmelt period was determined to begin at date of maximum 
snowpack in the low/mid elevation hardwoods and end at date of snowpack 
disappearance in the high elevation hardwoods.  Summary data was compiled from 
data available online at www.hubbardbrook.com (Bailey 2005, Snow Depth and Snow 
Water datasets; Campbell and Bailey 2005, Daily Stream Flow and Daily Precipitation 
datasets). 
Low/Mid Elevation Hardwoods High Elevation Hardwoods
Max Snow Depth (mm)
1985 - 1994 343-892, 647 (66) 470-1057, 792 (76)
1995 - 2004 404-886, 633 (47) 599-1176, 833 (63)
2005 701 937
Max SWE (mm)
1985 - 1994 89-226, 163 (15) 107-272, 214 (19)
1995 - 2004 97-249, 160 (17) 122-305, 213 (19)
2005 173 239
Completion of Melt (DOY)
1985 - 1994 78-118, 103 (4) 78-122, 106 (4)
1995 - 2004 87-119,101 (3) 96-127, 109 (3)
2005 101 116
Snowmelt Precipitation (mm)
1985 - 1994
1995 - 2004
2005
Snowmelt Runoff (mm)
1985 - 1994
1995 - 2004
2005
149-448, 293 (32)
357
45-252, 169 (19)
169-363, 278 (21)
67-385, 195 (34)
192
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chemistry along an elevational gradient within the watershed (Figure 4.3).  The first 
principal component accounted for 69.7% of the variation in solute chemistry, whereas 
the second principal component accounted for an additional 19.0%, together 
explaining 88.7% of the variation in the model.  Note that most studies differentiate 
source water contributions along a vertical gradient within the soil profile (i.e., 
principal component axis one) (e.g., Christopherson and Hooper 1992; Wellington and 
Driscoll 1994), whereas few separate sources among geographically distinct areas 
(Burns et al. 2001) or consider an elevational gradient of subcatchments (e.g., Johnson 
et al. 2000; Lawrence and Driscoll 1990; Driscoll et al. 1988).  Conceptually, this 
reflects that subcatchment contributions to total watershed discharge are often 
approximated using relative watershed area.  However, as subcatchments have 
differing amounts of accumulated snow and differ in their timing and rate of snowmelt 
along the elevational gradient, it is reasonable to expect that the relative contribution 
of each subcatchment along an elevational gradient might shift as the snowmelt period 
proceeds.  Moreover, Lawrence and Driscoll (1990) showed that contributions from 
subcatchments along an elevational gradient differed in chemical composition.  Thus, 
as the proportions of water originating from individual subcatchments vary, 
corresponding shifts in stream water chemistry will result. 
 Snowmelt hydrograph separations have also been performed in other 
watersheds at the HBEF.  Hooper and Shoemaker (1986) used stable isotopes of water 
and dissolved silica to separate old and new water during snowmelt in W3, showing 
that the discharge was dominated by old water (i.e., water that was present in the 
watershed prior to snowmelt).  Wellington and Driscoll (2004) used a PCA-EMMA to 
separate sources of stream water during snowmelt in W9 (a north facing conifer-
dominated watershed), finding that shallow soil water was a dominant source of 
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Figure 4.3.  Mixing diagram generated with principal components analysis (PCA) 
showing snowmelt stream water scores bounded by deep soil water and shallow soil 
water end members.  Principal component axis one represents  the increasing 
contribution of shallow soil water as opposed to deep soil water (as represented by 
base flow); principal component axis two represents soil water contributions from 
different subcatchments along an elevational gradient within the watershed. 
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stream water during high flows.  Neither of these previous studies at Hubbard Brook 
attempted to distinguish geographically distinct source areas within the watershed. 
 In this study, the PCA-EMMA showed that three distinct soil water end 
members bounded the chemical composition of stream water (Figure 4.3).  The deep 
soil water end member was represented by pre-event stream base flow.  Shallow soil 
water end members were represented by soil solution from lysimeters in 
subcatchments along an elevational gradient (Figure 4.1).  The first shallow soil water 
end member was represented by the average soil water chemistry from the Oa, Bh, and 
Bs horizons in the LH subcatchment.  Soil solution chemistry from the HH and SFB 
subcatchments clustered together during PCA, and thus their average solution 
chemistry was used for the second shallow soil water end member.   
 According to the PCA-EMMA model, the contribution of shallow soil water to 
total stream discharge ranged from 21% at the onset of snowmelt (10.9 L/s) to 78% at 
the sampled peaks in discharge (93.4 L/s, Figure 4.2).  An analysis of the elevational 
component revealed that the contribution of shallow soil water from the HH and SFB 
subcatchments was more dynamic and occurred later during the snowmelt period (as 
snowmelt was delayed at elevation), contributing 29% and 42% of stream discharge 
during the two largest flows measured (Figure 4.2).   
 The EMMA model was a reasonably good predictor of stream solute 
chemistry.  Solute chemistry predicted by the model was fairly well correlated with 
measured stream chemistry (r = 0.90, 0.81, 0.92, 0.85, 0.96, and 0.93 for F-, SO42-, 
Alo, Na+, Mg2+ and Ca2+, respectively); however, the slope of the relationship between 
predicted and measured values varied (0.69, 1.69, 0.85, 2.78, 1.00, and 0.98 for F-, 
SO42-, Alo, Na+, Mg2+ and Ca2+, respectively).  The slope was closer to unity for Ca 
and Mg, solutes that were most associated with the first principal component and were 
expected to behave most conservatively. 
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 Modeled soil water contributions also agreed qualitatively with the observed 
patterns in soil lysimeter and stream water chemistry not explicitly included in the 
model.  Nitrate is known to peak during snowmelt (as it does in this study), and 
Campbell et al. (2006) used dual isotope analysis to demonstrate that this nitrate 
originates from shallow soils and has been processed prior to entry into the stream 
(i.e., nitrate is not directly contributed from meltwater).  Dittman et al. (2007) also 
showed that shallow flow short-circuits deeper flow paths at higher elevations during 
high flow in this watershed.  Moreover, soil solutions collected from lysimeters during 
the snowmelt period represent sources of nitrate and DOC that are available for export 
through shallow flow paths during high flow events, and nitrate and DOC 
concentrations in these soil solutions during snowmelt were high enough to contribute 
to peak concentrations observed in stream water (Table 4.2, 4.3, 4.4).  Overall, 
modeled flow paths demonstrate a spatially and temporally dynamic connectivity 
between terrestrial and stream ecosystems. 
Episodic acidification 
 Decreases in ANC and pH.  Acid neutralizing capacity (ANC) and pH were 
lowest during episodes of high stream discharge, with the greatest depression in ANC 
during discharge peaks at the onset of snowmelt (Figure 4.4).  The pH decreased to 
4.85 from a baseflow pH of 5.25 during each of the two highest flow events (Figure 
4.4).  ANC decreased by 7.9 µeq/L during the initial high flow event (3 April, DOY 
94) and 5.9 µeq/L during the latter high flow event (24 April, DOY 115; Table 2) to a 
minimum value of -1.6 µeq/L (Figure 4.4).  These results are in agreement with 
previous studies of episodic acidification during snowmelt, which have shown that the 
largest pulses of acidification occur during the first flush of water from shallow soils  
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Table 4.2.  Total concentration of components (µeq/L) during pre-snowmelt base 
flow, at two peak flows during snowmelt, and at post-snowmelt base flow. The pre-
snowmelt base flow reference sample was taken 24 March 2005; the first and second 
peak flow events were sampled on 3 April and 24 April 2005; post-snowmelt base 
flow was sampled 7 May 2005.  Change in concentration of components (µeq/L) from 
pre-snowmelt base flow conditions are shown in parentheses (i.e, Δ values). 
 
 Pre-Snowmelt Snowmelt Snowmelt Post-Snowmelt 
Component 
Base Flow 
(24 March) 
1st Peak Flow 
(3 April) 
2nd Peak Flow
(24 April) 
Base Flow 
(7 May) 
ANCgran 6.2 -1.6 (-7.9) 0.3 (-5.9) 2.5 (-3.8) 
CALK -7.3 -24.5 (-17.2) -19.1 (-11.8) -15.3 (-7.9) 
Cations 101.2 101.3 (-0.1) 95.6 (-5.7) 94.8 (-6.5) 
CB 93.1 65.5 (-27.5) 62.2 (-30.9) 74.1 (-19.0) 
nMen+ 2.5 21.8 (19.3) 18.7 (16.2) 11.0 (8.5) 
Inorg Anions 103.2 91.2 (-12.0) 82.1 (-21.0) 90.7 (-12.4) 
CA 100.4 90.1 (-10.3) 81.3 (-19.2) 89.4 (-11.0) 
A- -1.9 10.2 (12.1) 13.4 (15.4) 4.1 (6.0) 
HCO3- 2.7 1.1 (-1.7) 0.9 (-1.9) 1.3 (-1.4) 
F- 1.4 1.6 (0.2) 1.4 (0.0) 1.7 (0.2) 
Cl- 11.0 11.4 (0.5) 10.7 (-0.3) 10.9 (-0.1) 
NO3- 2.0 15.2 (13.2) 6.0 (4.0) 0.3 (-1.7) 
SO42- 86.0 61.8 (-24.2) 63.1 (-22.9) 76.6 (-9.5) 
Mn2+ 0.2 2.8 (2.6) 2.1 (1.9) 0.7 (0.5) 
Fen+ 0.0 0.1 (0.1) 0.2 (0.2) 0.1 (0.1) 
Alin+ 2.2 18.8 (16.6) 16.4 (14.2) 9.7 (7.4) 
H+ 5.7 14.0 (8.4) 14.7 (9.0) 9.7 (4.0) 
NH4+ 0.3 0.2 (-0.1) 0.7 (0.4) 0.5 (0.2) 
K+ 3.9 9.5 (5.6) 8.0 (4.1) 4.8 (1.0) 
Na+ 41.9 23.8 (-18.1) 22.9 (-19.0) 33.5 (-8.4) 
Mg2+ 23.0 13.7 (-9.3) 12.6 (-10.4) 15.1 (-7.9) 
Ca2+ 24.0 18.4 (-5.6) 18.0 (-6.1) 20.2 (-3.8) 
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Table 4.3.  Soil solution chemistry during snowmelt in subcatchments along an elevational gradient in W6, the reference watershed 
at the HBEF.  Samples were collected 28 April 2005.  The spruce-fir-birch, high hardwood, and low hardwood subcatchments are 
represented by two, one, and three lysimeter pits, respectively; as complete data required to make organic acid anion calculations 
were missing from some lysimeter pits.  Values in parentheses show one SE. 
ANC Al(m) Al(i) Al(o) Al(i)/Al(m) SO42- NO3- DOC [A- ]  As Aw Aw /[A- ] [A- ]/DOC
Site/Horizon pH ueq/L umol/L umol/L umol/L umol/L umol/L umol/L ueq/L ueq/L ueq/L (ueq/L)/(umol/L)
Spruce-Fir-Birch
Oa 4.20 (0.19) -60.2 (35.2) 16.2 (0.20) 6.3 (0.3) 9.9 (0.2) 0.39 40.4 (3.3) 17.5 (14.8) 999.9 (79.8) 35.1 (2.0) 29.0 (6.9) 6.1 (4.9) 0.18 (0.15) 0.035 (0.001)
Bh 4.22 (0.06) -54.3 (12.5) 20.4 (1.6) 9.5 (2.2) 10.9 (0.6) 0.47 47.1 (8.5) 33.2 (23.7) 888.6 (130.2) 7.9 (19.7) 9.5 (9.5) 4.3 (4.3) 0.16 (0.16) 0.006 (0.021)
Bs 4.65 (0.07) -1.1 (7.1) 18.2 (2.1) 9.2 (3.4) 9.0 (1.3) 0.51 41.7 (0.6) 1.4 (1.2) 662.2 (157.4) 56.4 (37.1)42.1 (38.6) 14.3 (1.5) 0.48 (0.34) 0.104 (0.081)
High Hardw ood
Oa 4.46 -24.8 20.5 14.1 6.4 0.69 35.3 10.3 435.4 14.2 7.1 7.2 0.51 0.033
Bh 4.34 -38.9 14.9 6.3 8.6 0.42 24.7 2.2 737.0 27.2 22.1 5.1 0.19 0.037
Bs 4.79 -2.7 19.0 14.9 4.1 0.78 33.6 0.2 277.2 -0.9 ~ ~ ~ -0.003
Low  Hardw ood
Oa 4.69 (0.07) -12.8 (4.7) 10.9 (1.2) 7.1 (0.6) 3.8 (0.9) 0.65 33.8 (0.9) 6.7 (0.7) 288.2 (55.8) 9.8 (2.5) 4.6 (1.4) 5.2 (3.0) 0.42 (0.24) 0.033 (0.006)
Bh 4.85 (0.03) -2.6 (1.4) 10.7 (0.1) 7.9 (0.2) 2.8 (0.04) 0.73 36.3 (2.3) 1.6 (0.2) 213.3 (11.2) 4.0 (0.1) 0.37 (0.37) 3.6 (0.2) 0.91 (0.10) 0.019 (0.002)
Bs 4.95 (0.06) 2.5 (2.3) 9.9 (1.4) 7.7 (1.4) 2.2 (0.1) 0.78 37.1 (2.8) 3.8 (1.3) 182.5 (4.4) 1.0 (4.2) 0 1.0 (4.2) 1.0 0.005 (0.024)  
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Table 4.4.  Stream chemistry along an elevational gradient in W6, the reference watershed at the HBEF.  Samples were collected 
28 April 2005.  Stream site locations are shown in Figure 1. 
Stream ANC Al(m) Al(i) Al(o) Al(i)/Al(m) SO42- NO3- DOC [A- ]  As Aw Aw /[A- ] [A- ]/DOC
Site # pH ueq/L umol/L umol/L umol/L umol/L umol/L umol/L ueq/L ueq/L ueq/L (ueq/L)/(umol/L)
1 4.15 -61.6 9.2 1.6 7.5 0.17 25.3 0.4 1356.4 64.2 56.3 7.9 0.1 0.047
2 4.32 -40.7 10.7 3.6 7.1 0.34 29.3 4.9 803.3 23.4 16.2 7.2 0.3 0.029
3 4.49 -24.5 12.5 7.0 5.5 0.56 33.0 7.0 474.7 12.4 5.0 7.4 0.6 0.026
4 4.64 -17.7 12.5 9.0 3.6 0.72 35.8 5.1 286.8 4.4 0 4.4 1.0 0.015
5 4.74 -13.2 10.5 7.5 2.9 0.71 35.9 3.8 244.7 3.9 0 3.9 1.0 0.016
7 4.95 -5.4 7.7 5.5 2.2 0.71 37.4 2.2 197.5 -2.1 ~ ~ ~ -0.01  
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Figure 4.4.  Snowpack, discharge, and stream concentrations of major solutes that 
regulate the acid-base status of W6 during snowmelt at the Hubbard Brook 
Experimental Forest. 
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of acid-impacted forested ecosystems (e.g., Wigington et al. 1996, and references 
therein). 
 Multiple mechanisms control episodic acidification during spring snowmelt in 
lakes and streams of the northeastern United States, driven in part by differences in 
hydrologic flow paths through the watershed (Schafran and Driscoll 1993; Schaefer et 
al. 1990; Wigington et al. 1996; and supported by data herein).  Depression of ANC 
and pH in moderate/high ANC waters (associated with deep till and deep flow paths) 
results from meltwater dilution of groundwater-contributed base cations (Schaefer et 
al. 1990).  Depression of ANC and pH in low ANC waters (associated with thin tills 
and shallow flow paths) coincide with pulses of nitrate, aluminum, and associated 
acidity from the forest floor to the stream during snowmelt (Schaefer et al. 1990).  
Sulfate acidity is more important to chronic baseline acidification and non-snowmelt 
driven acid episodes (Wigington et al. 1996).  In lakes with ANC near 0 µeq/L (like 
HBEF stream water), Schaefer et al. (1990) showed that both CB dilution and 
contributions of nitrate, aluminum, and associated acidity are important drivers of 
episodic acidification. 
 In this study, decreases in base cation concentrations in excess of decreases in 
inorganic strong acid anion concentrations were, in part, responsible for decreases in 
ANC (i.e., a CB dilution mechanism; Figure 4.4).  Overall, base cation patterns 
resulted from decreases in sodium, magnesium, and calcium (ΔNa+>ΔMg2+>ΔCa2+; K+ 
increased; Table 4.2).  Patterns in total inorganic strong acid anions largely resulted 
from decreases in sulfate (from 86.0 to 61.8 µeq/L) that were only partially offset by 
increases in nitrate (from 1.9 to 15.2 µeq/L) (i.e., a nitrate supply mechanism).  Note 
that these peak snowmelt nitrate concentrations (mean = 4.6 µeq/L [SE = 0.8]) are low 
relative to the historic record of volume weighted average monthly nitrate 
concentrations measured in W6 during the extended snowmelt period (March, April, 
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May), a time that is typically characterized by high nitrate pulses (Bernhardt et al. 
2005).  As predicted by Schaefer et al. (1990) for waters near 0 µeq/L ANC, episodic 
acidification at the HBEF appears to be under dual control (i.e., both CB dilution and 
nitrate supply mechanisms).  Base cation dilution remained important throughout the 
snowmelt period, as small decreases in CB may represent a large proportion of the 
ANC in low ANC waters.  Nitrate supply was important only in the initial high flow 
event of snowmelt, as the nitrate:sulfate equivalent ratio increased by an order of 
magnitude from base flow (~0.02 to 0.25, calculated from data in Table 4.2; Sullivan 
et al., 1997).  This short-term contribution of nitrate is consistent with the initial 
flushing of mineralization by-products from soil during the early phase of snowmelt 
(Sebestyen et al., 2008). 
 Aluminum mobilization.  Aluminum usually fluctuates in concert with nitrate 
during snowmelt driven acid episodes; however, in this study, stream concentrations 
of aluminum remained elevated after nitrate concentrations declined (Table 4.2).  
Thus, aluminum made up most of the deficit in positive charge due to dilution of base 
cation concentrations throughout snowmelt (Figure 4.4).  Although aluminum 
mobilization buffers against decreases in ANC (Driscoll and Postek 1995), a large 
percentage of free acidity during snowmelt (29-36%), and in baseflow after snowmelt 
(43%), resulted from hydrolysis of mobile Ali (the toxic form of aluminum). 
 Aluminum is mobilized from the forest floor by both strong inorganic and 
strong organic acids (e.g., David and Driscoll 1984, McDowell 1984, Driscoll et al. 
1985, Driscoll and Postek 1995).  Both Ali and Alm concentrations in soil solutions 
were equal to or greater than Ali and Alm concentrations in stream water (Table 4.3, 
Table 4.4).  As DOC decreased vertically through the soil profile, with elevation down 
through subcatchments, and downstream during snowmelt, the proportion of Alm as 
Ali increased.  At the weir, Ali accounted for 44.6% of Alm in pre-event baseflow, and 
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nearly doubled to 74.6% (SE = 2.0%) throughout the snowmelt period.  In contrast, in 
a high DOC stream at HBEF (W9, a north facing conifer-dominated watershed), 
increases in Alm were mainly due to increases in Alo (Wellington and Driscoll 2004).  
Nonetheless, our results generally agree with other studies of aluminum speciation 
during high flow events showing that Ali increases with decreases in pH (Driscoll et 
al. 1980, Driscoll et al. 1984, Driscoll and Postek 1995).  This pattern suggests that 
episodic aluminum mobilization in dilute systems may result in high concentrations of 
Ali due to limitations of DOC to bind Ali.  
 Inorganic monomeric aluminum (Ali) concentrations exceeded the ~2 µmol/L 
threshhold known to be toxic to fish when flows were still low at the onset of 
snowmelt, and Ali remained elevated throughout the snowmelt period regardless of 
flow conditions (2.5-7.3 µmol/L, Q = 3.1-93.4 L/s; Figure 4.4; Baker et al. 1996, Van 
Sickle et al. 1996, MacAvoy and Bulger 1995, Gagen et al. 1994, Baker and Schofield 
1982, Driscoll et al. 1980).  Whereas decreases in volume weighted average monthly 
concentrations of Ali (Palmer and Driscoll 2002), sulfate (Likens et al. 2002), nitrate 
(Bernhardt et al. 2005), and calculated alkalinity (CALK, Figure 4.5) exported from W6 
during snowmelt over the historic record may be indicative of some recovery from soil 
acidification, observations of high stream Ali and nitrate concentrations during 
snowmelt in this study somewhat contradict the notion of recovery from acidification. 
 Dissolved organic carbon, organic acid anions, and total suspended solids.  
Dissolved organic carbon (DOC), and organic acid anion (A-) concentrations in stream 
water increased during snowmelt, despite the typically dilute nature of this system.  
TSS was nearly undetectable, but concentrations increased during the highest flows 
(4.4 and 17.0 mg/L TSS, at 70.2 and 93.4 L/s discharge, respectively; Figure 4.6).  
DOC concentrations ranged from 109.7 to 278.9 µmol C/L, and correlated strongly 
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Figure 4.5.  Historic record of stream water chemistry during snowmelt months at the 
weir in W6, the reference watershed at the HBEF.  Data are average concentrations 
from monthly sampling.  Error bars indicate +/- 1SE (C.T. Driscoll unpublished data, 
1984 - 2005). 
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Figure 4.6.  Snowpack, discharge, and stream concentrations of mercury species, 
DOC, and organic acid anions during snowmelt inW6 at the Hubbard Brook 
Experimental Forest. 
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with discharge (r2 = 0.82, p < 0.0001; Figure 4.6).  Not surprisingly, organic acid 
anion (A-) concentrations increased with increases in DOC (r2 = 0.78, p < 0.0001; 
Figure 4.4).  With respect to acidification processes, organic acid anions were assumed 
to provide the balancing negative charge (Driscoll et al. 1989, Driscoll et al. 1994); 
this was reflected by the greater concentration of (A-) released in the final high flow 
event (24 April, DOY 115) as the initial flushing of nitrate subsided and Ali 
concentrations remained elevated.  This pattern may suggest that aluminum was 
mobilized from within shallow soils by strong organic acids (especially late in 
snowmelt) in addition to being mobilized by strong inorganic acids (i.e., nitrate) which 
was more evident during early snowmelt. 
 All organic acids in stream water draining W6 during snowmelt were weakly 
acidic (as calculated with equations 4.7-4.9), a result somewhat inconsistent with 
research on the nature of organic acids in the northeastern United States.  For example, 
Wellington and Driscoll (2004) found that most organic acids in W9 stream water 
were strongly acidic in nature (W9 is a north facing conifer-dominated watershed).  In 
an Adirondack lake survey, Driscoll et al. (1994) found about one third of organic 
acids to be strongly acidic.  Munson and Gherini (1993) showed that organic 
acidscontain a range of acidic functional groups (many of which display weak acid 
characteristics) with a substantial fraction as strong acids (i.e., pKa < 3).  Kramer et al. 
(1990) showed that organic acids at high elevation lakes (>530 m) in the USEPA’s 
Eastern Lakes Study had a predominance of organic acids with low pKa values, 
shifting to higher pKa values (i.e., weaker organic acids) at lower elevations.  Kramer 
et al. (1990) suggest that this shift results, in part, from degradation of low pKa low 
molecular weight organic acids, and the production of stable phenolic compounds at 
lower elevations associated with increasing hydrologic residence times.  Kramer et al. 
(1990) further suggest that the elevation and residence time patterns of DOC 
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degradation result from differences in flow paths through the watershed.  The 
hypothesis of Kramer et al. (1990) is consistent with observations of organic acids 
along vertical gradients within the soil profile and along longitudinal stream gradients 
at Hubbard Brook (note W6 weir elevation at ~540 m).  Specifically, the proportion of 
weak acids (i.e., [Aw]/[A-]) generally increased with increasing soil depth (Table 4.3) 
and along the longitudinal gradient within the stream (Table 4.4).  Thus, organic acids 
in solutions sampled from shorter more shallow hydrologic flow paths were less 
processed and more strongly acidic in nature than organic acids in solutions sampled 
from longer flow paths.  Ultimately, the prevalence of weak acids in stream water at 
the weir suggests that DOC associated with shallow flow paths and strong organic acid 
anions at the top of the watershed is either diluted or rapidly processed, or both, before 
being delivered to the weir, even during the snowmelt period.  
 The charge density of organic acid anions ([A-]/[DOC], µeq/µmol) increased 
from -0.025 to 0.050 µeq/µmol (pH 4.8 – 5.3) across the hydrograph in conjunction 
with higher flows and greater concentrations of DOC.  This pattern was likely due to 
changes in the character of stream DOC from different soil horizons and/or source 
areas of the watershed that became more hydrologically connected to the stream under 
high flow conditions (Dittman et al. 2007, Lawrence and Driscoll 1990, Hooper and 
Shoemaker 1986, see Hydrograph Separation). 
 Multiple mechanisms of episodic acidification.  Multiple mechanisms 
influence episodic acidification across the snowmelt hydrograph in the dilute waters of 
the reference watershed at the HBEF.  Dilution of base cations is important throughout 
the snowmelt period.  Nitrate and aluminum acidity drove ANC to negative values 
only during the initial high flow event of snowmelt, whereas aluminum acidity 
persisted throughout the snowmelt event, even after nitrate concentrations declined.  
Finally, low concentrations of DOC and associated organic acids appeared to play a 
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key role in acidification processes throughout snowmelt, with the role of [A-] 
persisting and becoming proportionally more important after nitrate concentrations 
declined later in the event.  These results mostly agree with the results from the 
Episodic Response Project (Wigington et al. 1996), which concluded that base cation 
dilution and organic acid production were the most important ion changes during 
episodic acidification (as based on absolute changes), with nitrate more important in 
snowmelt driven events and organic acids more important in coniferous and mixed 
deciduous forests.  Thus, given that W6 at the HBEF is a mixed coniferous and 
deciduous forest with a substantial snowpack, and that stream water ANC is typically 
near 0 µeq/L, the three mechanisms hypothesized to be important based on these 
watershed characteristics all did influence acidification during snowmelt.  Ultimately, 
differences in hydrologic source areas and flowpaths within (and among) watersheds 
are key drivers of differences in mechanisms resulting in episodic acidification.  
Episodic mercury mobilization 
 Shifts in hydrologic source areas and flow paths that influence the source and 
character of the DOC supply to streams not only drives episodic acidification and 
aluminum mobilization, but also influences the transport of mercury from forest soils 
to aquatic ecosystems.  
 Mercury concentration and flux.  Mercury concentrations observed in W6 
stream water at the HBEF, even during high flow events, are low compared to 
concentrations of mercury in stream water from other watershed studies (Shanley et al. 
2002, Barbiarz et al.1998, Hurley et al. 1998, Scherbatskoy et al. 1998, Bishop et al. 
1995, Krabbenhoft et al. 1995).  The low mercury concentrations are not surprising, as 
W6 has limited wetlands, few seeps, is dominated by upland deciduous forest 
(~ 85%), and exhibits low concentrations of TSS and DOC.  Annual wet deposition of 
 148 
mercury at the HBEF is ~8.7 µg/m2-yr (MDN site NH02, available data spanned Feb 
2004 through Feb 2005).  Hydrologic connectivity between surficial terrestrial soils 
and the aquatic ecosystem is more spatially and temporally limited in this watershed 
than in watersheds with a greater percent area of wetlands, thus restricting transfer of 
dissolved mercury from forests to streams.  Moreover, deciduous forests likely deposit 
less mercury to the forest floor than do conifer forests and deliver more of that 
mercury with leaf litter rather than in throughfall, which may affect the ultimate fate of 
mercury in the ecosystem (Demers et al. 2007).  Thus, W6 at HBEF is an endmember 
watershed representing an ecosystem that should export limited mercury to streams 
and down-gradient aquatic ecosystems. 
 Average pre-event base flow stream concentrations of mercury were 0.41 ng/L 
for bulk samples and 0.36 ng/L for the dissolved fraction (<0.45 µm; Figure 4.6).  
Stream water concentrations of bulk total mercury (Hgt) increased exponentially with 
flow (r2=0.69, p<0.0001), reaching 2.6 ng/L at an instantaneous flow of 93.4 L/s; 
concentrations of dissolved mercury (Hgd) also increased exponentially with flow to a 
maximum concentration of 1.2 ng/L (r2=0.83, p<0.0001; PROC REG, SAS 1999; 
Figure 4.6).  These patterns contrast with snowmelt at Sleepers River Vermont where 
Shanley et al. (2002) measured order of magnitude higher particulate mercury (Hgp) 
concentrations (16 ng/L) and two times higher dissolved mercury concentrations (2 
ng/L) compared to W6 at the HBEF.  High flow conditions result in a range of 
responses in mercury export from wetland and forest ecosystems. 
 The exponential relationship between mercury concentration and discharge 
implies that a disproportionate amount of mercury export occurs during high flow 
events. The total amount of mercury exported from W6 during the snowmelt period 
(24 March – 7 May, 2005) was 59.8 mg.  Estimated mercury fluxes from the two 
largest snowmelt peaks were 24.2 mg (DOY 92.3-95.4) and 13.3 mg (DOY 113.6-
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117.2), respectively.  Thus, nearly two-thirds (63%) of the mercury export from the 
entire snowmelt period occurred during two high discharge events that represented 
only a third of total discharge and 15% of total duration of the snowmelt. 
 Transport of mercury associated with both the dissolved and particulate 
fractions substantially contributed to mercury export during snowmelt.  However, the 
dissolved fraction was more important during high flows at the HBEF than observed 
in Vermont for high flow events in forested ecosystems (e.g., Shanley et al. 2002, 
Scherbatskoy et al. 1998), with the particulate fraction dominating only at the highest 
flows (Figure 4.6).  Across the entire snowmelt hydrograph, the percentage of Hgt 
concentration accounted for by the dissolved fraction ranged from 37 to 100% of Hgt 
concentrations (mean 77.5%, SE 5.8, n = 20).  Dissolved mercury (Hgd) accounted for 
37% and 46% of Hgt flux during the two highest snowmelt peaks, and was 53% of the 
total mercury flux during the entire snowmelt period.  These fractions of Hgd were 
large in comparison to the partitioning of mercury at peak snowmelt in Vermont (only 
12.5% Hgd, as calculated from data in Shanley et al. 2002).  Moreover, mercury 
transported in the dissolved phase may be more bioavailable for methylation in 
downstream aquatic ecosystems than mercury associated with particulate matter 
(Munthe et al. 2007).  Thus, both the particulate and dissolved phases of mercury are 
important contributions to Hgt export during snowmelt at the HBEF. 
 Methyl mercury concentration and flux.  In contrast with Hgt, discharge 
explained only a moderate amount of the variability in particulate associated MeHg 
(MeHgp; r2 = 0.34, p = 0.008), and was not related to the variation in dissolved MeHg 
(MeHgd) (p = 0.81; PROC REG, SAS 1999).  Methyl mercury concentrations ranged 
from 0.01 to 0.08 ng/L in bulk samples (mean 0.04 ng/L, SE 0.007 ng/L, n = 20) and 
from <0.01 to 0.06 ng/L in the dissolved phase (mean 0.03 ng/L, SE 0.002 ng/L, n = 
20); MeHgd accounted for 25 – 100% of the MeHg in bulk samples (Figure 4.6).  The 
 150 
percentage of Hgt as MeHg was large, ranging from 1.6 – 14.5% in bulk samples and 
from 1.4 – 10.4% in filtered samples.  Note that the %MeHg values are based on low 
MeHg and Hgt concentrations, and should be interpreted with caution.  Nonetheless, 
the percentage of Hgd as MeHg (i.e., %MeHg) across the hydrograph revealed an 
intriguing pattern; the %MeHg peaked just after the first small snowmelt peak on the 
hydrograph (10.4% MeHg; 10.9 L/s; Figure 4.6).  Proceeding from this first flush, and 
as discharge continued to increase, the %MeHg declined (Figure 4.6).  Subsequent 
peaks in %MeHg tended to occur on rising limbs of the hydrograph, possibly as 
different hydrologic source areas in the watershed began to contribute shallow soil 
water to stream flow.  This pattern may suggest that MeHg is produced within forest 
soils under winter conditions and that MeHg pools in soil solutions are diluted as 
flushing exceeds production.  Alternate explanations for the observed patterns are 
possible (e.g., demethylation dynamics, or a spike in methylation at snowmelt); 
however, it is difficult to evaluate the mechanism responsible for these patterns 
without mercury data from within the forest soil pools. 
 Mercury, TSS, DOC, and organic acid anion charge density.  Despite 
relatively low concentrations, DOC and TSS appear to influence mercury dynamics at 
the HBEF.  Dissolved mercury (Hgd) was more strongly correlated with DOC (r2 = 
0.91, p<0.0001) than particulate mercury (Hgp) was with TSS (r2 = 0.40, p<0.01; 
PROC REG, SAS 1999).  As mercury has been shown to correlate with organic 
carbon (e.g., Meili, 1991), it is not surprising that peaks in Hgp and Hgd coincided with 
peaks in TSS and DOC, respectively (Figure 4.6).  However, the quantity of mercury 
transported by DOC on a per mol basis (Hgd/DOC) varied by more than 50% over the 
hydrograph (1.3 x 10-8 to 2.1 x 10-8), and the ratio of Hgd to organic acid anion charge 
density (Hgd/([A-]/DOC)) followed a similar pattern, varying by more than 300% 
across the hydrograph (Figure 4.6).  Thus, increases in mercury transport may not 
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simply be due to increases in DOC concentration alone, but may also be influenced by 
the source and associated character of the DOC.   
 Statistical models that distinguish between hydrologic source areas within the 
watershed help explain fluctuations in (Hgd/DOC), [Hgd/([A-]/DOC)], and Hgd.  
Mercury transported per unit DOC on a per mol basis (Hgd/DOC) was correlated with 
total discharge alone (r2 = 0.50, p<0.001); however, when the discharge originating 
from specific hydrologic source areas was considered, the amount of discharge from 
shallow soils of the HH/SFB explained as much of the variation in (Hgd/DOC) as did 
total discharge (r2 = 0.50, p<0.001; PROC REG, SAS 1999).  Also, mercury per unit 
charge density [Hgd/([A-]/DOC)] was not well correlated with total discharge alone (r2 
= 0.17, p = 0.08); whereas, a statistical model including total discharge and the 
percentage of total discharge originating from shallow soils in the LH and HH/SFB 
explained much more of the variation in Hgd/([A-]/DOC) (r2 = 0.86, p < 0.0001; 
PROC REG, SAS 1999).  Moreover, stream water Hgd was also better explained by a 
model that distinguished between hydrologic source areas within the watershed; i.e., 
all of the variability in the spatially explicit model could be explained by the amount 
of discharge originating from shallow soils in the HH/SFB zone (r2 = 0.92, p < 0.0001; 
PROC REG, SAS 1999).  Thus, these discrete shifts in mercury density on DOC 
suggest the influence of DOC that varies both in character and contributing source 
area within the watershed. 
 Observed changes in the character of DOC corroborate changes in the 
hydrologic flow paths predicted by our hydrograph separation model.  Soil solutions 
within the hardwood subcatchments show greater DOC concentrations, greater [A-], 
and greater ([A-]/DOC) in more shallow soils (i.e., Oa and Bh horizons) than in lower 
mineral horizons (i.e., Bs horizon; Table 4.3).  Soil solutions within the SFB 
subcatchment lack a distinct pattern along the soil depth profile; however, shallow soil 
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solutions in the HH and SFB zone have greater DOC and [A-] concentrations than soil 
solutions in corresponding horizons in the LH zone (Table 4.3).  Along an elevational 
gradient within the stream, DOC concentrations, [A-], and ([A-]/DOC) are greatest in 
the SFB zone at the top of the watershed, and decrease downstream (Table 4.4).  This 
elevational pattern within the stream may, in part, be due to dilution effects or in-
stream abiotic sorption of DOC, or both (McDowell, 1985). Whereas McDowell 
(1985) found biotic processing of DOC to be minimal in the stream draining W6, 
recent work in other regions suggest that DOC character may be microbially altered 
within the stream ecosystem (e.g. Frost et al. 2006; Young et al. 2004).  Nevertheless, 
changes in DOC character across the hydrograph coincide with shifts in source areas 
and flow paths modeled by our hydrograph separation.  Hydrologically induced 
changes in DOC character also have been demonstrated in other studies.  In a small 
watershed associated with a fen wetland, Maurice et al. (2002) found that the 
contribution of soil pore water relative to groundwater influenced both the 
concentration and character of natural organic matter in streams.  In the Colorado 
Rockies, Hood et al. (2005) showed that seasonal shifts in the chemical character of 
DOM resulted from changes in the source of that DOM.  Dai et al. (2001) studied 
organic matter chemistry at the HBEF and concluded that variation in hydrologic flow 
paths are important in regulating the organic matter chemistry of stream water.  Hence, 
increased mercury transport during high flow events is not simply due to an increase 
in the concentration of the same DOC that is exported at base flow, but instead there 
appears to be a shift in the source area and associated character of DOC (as inferred 
above from Hg:DOC ratios).  Shanley et al. (2008) showed that the Hg:DOC ratio in 
stream water increased as snowmelt progressed at Sleepers River in Vermont and 
suggested that Hg was associated with a particular fraction of DOC.  Clearly, the 
character and contributing source of DOC influences the transport of dissolved 
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mercury at Hubbard Brook and likely in other forested watersheds.  Ultimately, 
differences in hydrology within (and among) watersheds determines contributing 
source areas and hydrologic flow paths that influence the concentration and character 
of DOC (and POC) which, in turn, drives concentrations and fluxes of dissolved (and 
particulate) mercury transported from terrestrial to aquatic ecosystems. 
CONCLUSIONS AND IMPLICATIONS  
 DOC plays a key role in episodic acidification and mercury transport during 
snowmelt at the HBEF, even though DOC concentrations are relatively low. The 
supply of DOC that links episodic acidification by natural organic acids and 
mobilization of dissolved mercury is governed by shifts in hydrologic flow paths and 
contributing source areas.  This research highlights the importance of spatially and 
temporally dynamic hydrologic connectivity between the uplands and the aquatic 
ecosystem, and this dynamic hydrologic connectivity influences how researchers 
should: (1) assess stream solute loads given the discharge dependent chemistry; and 
(2) consider the environmental consequences of the timing and distribution of the 
delivery of those loads to surface waters (e.g., pulses of toxic concentrations of labile 
(inorganic) monomeric aluminum and elevated loads of total mercury).  Ultimately, 
terrestrial ecosystems mediate the transfer of atmospheric deposition from uplands to 
aquatic ecosystems, imposing lags upon the recovery of surface waters despite 
decreases in atmospheric emissions and deposition of pollutants.  
 Note that for this end member site representing: (1) limited recovery from 
acidification; (2) low concentrations of dissolved organic carbon; and (3) low mercury 
deposition and export, small increases in DOC export associated with high flows are 
linked to mercury export from terrestrial ecosystems to surface waters.  Thus, 
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processes that generate and mobilize DOC within the watershed ultimately control 
mercury export dynamics from terrestrial ecosystems.   
 Recently, some watersheds in North America and Europe have begun to 
recover from chronic acid deposition (Stoddard et al. 1999, Skjelkvale et al. 2001, 
Driscoll et al. 2003).  However, the degree of recovery of surface water pH and ANC 
has been less than expected with respect to measured declines in sulfate emissions and 
deposition, buffered in part by concomitant increases in DOC (Stoddard et al. 2003, 
Driscoll et al. 2003, Skjelkvale et al. 2001, 2005).  It is possible that there also has 
been a concomitant increase in mercury export from forest ecosystems (i.e., based on 
DOC-Hg relationships), and this may be one possible mechanism explaining the long-
term decrease in mercury retention within the forest ecosystem (Lorey and Driscoll 
1999, Engstrom and Swain 1997, see Introduction).  Increases in DOC export that 
might bind and therefore detoxify Ali may, at the same time, exacerbate mercury 
mobilization.  As ecosystems continue to recover from chronic acidification and 
respond to broader environmental change, shifting DOC dynamics will likely play an 
important role in the transfer of both aluminum and mercury loads from uplands to 
surface waters. 
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APPENDIX A:  
HYDROLOGIC DATA 
Hydrologic data for each of six study wetlands during each of five seasonal sampling 
periods.  Hydrologic data is separated by wetland type and seasonal sampling period: 
shallow peat riparian wetlands (A.1.a,b,c,d,e); deep peat riparian wetlands 
(A.2.a,b,c,d,e); and headwater wetlands (A.3.a,b,c,d,e). At each nested well cluster 
along each transect, WT denotes the water table well, Pz-Mid denotes the piezometer 
placed midway between the peat surface and the mineral soil below the wetland, and 
Pz-Bot denotes the piezometer placed in the mineral soil below the wetland.  Error 
term of relative elevation (m) includes the propagation of surveying error throughout 
each site.  Error term of water table relative to ground surface and piezometric head 
(m) includes both surveying error and water level measurement error.  Based on the 
difference in water table elevation and the water level within piezometers, head 
potentials were split into five classes: strong recharge (< -0.10 m), weak recharge (0 to 
-0.10 m), strong discharge (> +0.10 m), weak discharge (0 to +0.10 m), and no gradient 
(not different from magnitude of error term).  The term “below” denotes that water 
level was below the elevation of piezometer screening. 
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A.1.a.  Shallow Peat Riparian Wetlands
     Sampling Period: April (end of snowmelt)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
SPR_HR 3m Land-Surface 9.211
WT 9.077 0.005 -0.134 0.005
Pz-Mid 9.084 0.004 0.007 0.009 no gradient
Pz-Bot 9.071 0.003 -0.006 0.008 no gradient
SPR_HR 9m Land-Surface 8.926
WT 8.768 0.005 -0.158 0.005
Pz-Mid 8.720 0.003 -0.048 0.008 Weak Recharge
Pz-Bot 8.731 0.004 -0.037 0.009 Weak Recharge
SPR_HR 18m Land-Surface 8.803
WT 8.634 0.006 -0.169 0.006
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 8.631 0.004 -0.003 0.010 no gradient
SPR_HR Stream Land-Surface 8.803
WT 8.626 0.005 -0.177 0.005
SPR_SLR 1m Land-Surface 10.362
WT 10.368 0.005 0.006 0.005
Pz-Mid 10.346 0.006 -0.022 0.011 Weak Recharge
Pz-Bot 10.387 0.005 0.019 0.010 Weak Discharge
SPR_SLR 5m Land-Surface 10.29
WT 10.283 0.005 -0.007 0.005
Pz-Mid 10.280 0.006 -0.003 0.011 no gradient
Pz-Bot 10.315 0.006 0.032 0.011 Weak Discharge
SPR_SLR 10.5m Land-Surface 9.764
WT 9.651 0.006 -0.113 0.006
Pz-Mid 9.664 0.005 0.013 0.011 Weak Discharge
Pz-Bot 9.659 0.006 0.008 0.012 no gradient
SPR_SLR Stream Land-Surface 9.764
WT 9.518 0.005 -0.246 0.005
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A.1.b.  Shallow Peat Riparian Wetlands
     Sampling Period: June (spring)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
SPR_HR 3m Land-Surface 9.207
WT 9.101 0.003 -0.106 0.003
Pz-Mid 9.103 0.006 0.002 0.009 no gradient
Pz-Bot 9.127 0.005 0.026 0.008 Weak Discharge
SPR_HR 9m Land-Surface 8.922
WT 8.834 0.005 -0.088 0.005
Pz-Mid 8.838 0.004 0.004 0.009 no gradient
Pz-Bot 8.839 0.005 0.005 0.010 no gradient
SPR_HR 18m Land-Surface 8.8
WT 8.776 0.051 -0.024 0.051
Pz-Mid 8.752 0.004 -0.024 0.055 no gradient
Pz-Bot 8.766 0.004 -0.010 0.055 no gradient
SPR_HR Stream Land-Surface 8.800
WT 8.742 0.003 -0.058 0.003
SPR_SLR 1m Land-Surface 10.362
WT 10.355 0.005 -0.007 0.005
Pz-Mid 10.351 0.006 -0.004 0.011 no gradient
Pz-Bot 10.391 0.005 0.036 0.010 Weak Discharge
SPR_SLR 5m Land-Surface 10.29
WT 10.278 0.005 -0.012 0.005
Pz-Mid 10.275 0.006 -0.003 0.011 no gradient
Pz-Bot 10.322 0.006 0.044 0.011 Weak Discharge
SPR_SLR 10.5m Land-Surface 9.764
WT 9.675 0.006 -0.089 0.006
Pz-Mid 9.661 0.005 -0.014 0.011 Weak Recharge
Pz-Bot 9.686 0.006 0.011 0.012 no gradient
SPR_SLR Stream Land-Surface 9.764
WT 9.575 0.005 -0.189 0.005
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A.1.c.  Shallow Peat Riparian Wetlands
     Sampling Period: August (summer)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
SPR_HR 3m Land-Surface 9.211
WT 8.759 0.005 -0.452 0.005
Pz-Mid Below ~ ~ ~ ~
Pz-Bot Below ~ ~ ~ ~
SPR_HR 9m Land-Surface 8.926
WT 8.606 0.003 -0.320 0.003
Pz-Mid 8.657 0.005 0.051 0.008 Weak Discharge
Pz-Bot 8.612 0.004 0.006 0.007 no gradient
SPR_HR 18m Land-Surface 8.803
WT 8.558 0.006 -0.245 0.006
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 8.499 0.004 -0.059 0.010 Weak Recharge
SPR_HR Stream Land-Surface 8.803
WT 8.461 0.005 -0.342 0.005
SPR_SLR 1m Land-Surface 10.362
WT 10.247 0.005 -0.115 0.005
Pz-Mid 10.243 0.006 -0.004 0.011 no gradient
Pz-Bot 10.247 0.005 0.000 0.010 no gradient
SPR_SLR 5m Land-Surface 10.29
WT 10.149 0.005 -0.141 0.005
Pz-Mid 10.180 0.006 0.031 0.011 Weak Discharge
Pz-Bot 10.159 0.006 0.010 0.011 no gradient
SPR_SLR 10.5m Land-Surface 9.764
WT 9.497 0.006 -0.267 0.006
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 9.512 0.006 0.015 0.012 Weak Discharge
SPR_SLR Stream Land-Surface 9.764
WT 9.399 0.005 -0.365 0.005
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A.1.d.  Shallow Peat Riparian Wetlands
     Sampling Period: September (pre-senescence)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
SPR_HR 3m Land-Surface 9.207
WT 8.709 0.003 -0.498 0.003
Pz-Mid Below ~ ~ ~ ~
Pz-Bot Below ~ ~ ~ ~
SPR_HR 9m Land-Surface 8.922
WT 8.567 0.005 -0.355 0.005
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 8.573 0.005 0.006 0.010 no gradient
SPR_HR 18m Land-Surface 8.8
WT 8.470 0.051 -0.330 0.051
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 8.447 0.004 -0.023 0.055 no gradient
SPR_HR Stream Land-Surface 8.800
WT 8.412 0.003 -0.388 0.003
SPR_SLR 1m Land-Surface 10.362
WT 10.219 0.005 -0.143 0.005
Pz-Mid 10.221 0.006 0.002 0.011 no gradient
Pz-Bot 10.233 0.005 0.014 0.010 Weak Discharge
SPR_SLR 5m Land-Surface 10.29
WT 10.098 0.005 -0.192 0.005
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 10.142 0.006 0.044 0.011 Weak Discharge
SPR_SLR 10.5 Land-Surface 9.764
WT 9.464 0.006 -0.300 0.006
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 9.475 0.006 0.011 0.012 no gradient
SPR_SLR Stream Land-Surface 9.764
WT 9.366 0.005 -0.398 0.005
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A.1.e.  Shallow Peat Riparian Wetlands
     Sampling Period: November/December (post-senescence)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
SPR_HR 3m Land-Surface 9.207
WT 9.084 0.003 -0.123 0.003
Pz-Mid 9.086 0.006 0.002 0.009 no gradient
Pz-Bot 9.101 0.005 0.017 0.008 Weak Discharge
SPR_HR 9m Land-Surface 8.922
WT 8.769 0.005 -0.153 0.005
Pz-Mid 8.824 0.004 0.055 0.009 Weak Discharge
Pz-Bot 8.777 0.005 0.008 0.010 no gradient
SPR_HR 18m Land-Surface 8.8
WT 8.693 0.051 -0.107 0.051
Pz-Mid 8.679 0.004 -0.014 0.055 no gradient
Pz-Bot 8.729 0.004 0.036 0.055 no gradient
SPR_HR Stream Land-Surface 8.800
WT 8.665 0.003 -0.135 0.003
SPR_SLR 1m Land-Surface 10.362
WT 10.361 0.005 -0.001 0.005
Pz-Mid 10.354 0.006 -0.007 0.011 no gradient
Pz-Bot 10.412 0.005 0.051 0.010 Weak Discharge
SPR_SLR 5m Land-Surface 10.29
WT 10.273 0.005 -0.017 0.005
Pz-Mid 10.269 0.006 -0.004 0.011 no gradient
Pz-Bot 10.312 0.006 0.039 0.011 Weak Discharge
SPR_SLR 10.5m Land-Surface 9.764
WT 9.689 0.006 -0.075 0.006
Pz-Mid 9.654 0.005 -0.035 0.011 Weak Recharge
Pz-Bot 9.688 0.006 -0.001 0.012 no gradient
SPR_SLR Stream Land-Surface 9.764
WT 9.631 0.005 -0.133 0.005
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A.2.a.  Deep Peat Riparian Wetlands
     Sampling Period: April (end of snowmelt)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
DPR_MR 1m Land-Surface 8.937
WT 8.884 0.005 -0.053 0.005
Pz-Mid 8.884 0.003 0.000 0.008 no gradient
Pz-Bot 8.877 0.003 -0.007 0.008 no gradient
40.5m Land-Surface 8.547
WT 8.510 0.006 -0.037 0.006
Pz-Mid 8.591 0.006 0.081 0.012 Weak Discharge
Pz-Bot 8.827 0.005 0.317 0.011 Strong Discharge
81m Land-Surface 7.783
WT 7.828 0.007 0.045 0.007
Pz-Mid 7.840 0.005 0.012 0.012 no gradient
Pz-Bot 8.036 0.005 0.208 0.012 Strong Discharge
Stream Land-Surface 7.783
WT 7.670 0.006 -0.113 0.006
DPR_BR 1m Land-Surface 9.478
WT 9.324 0.005 -0.154 0.005
Pz-Mid 9.281 0.005 -0.043 0.010 Weak Recharge
Pz-Bot 9.415 0.004 0.091 0.009 Weak Discharge
30m Land-Surface 9.374
WT 9.288 0.003 -0.086 0.003
Pz-Mid 9.263 0.003 -0.025 0.006 Weak Recharge
Pz-Bot 9.273 0.005 -0.015 0.008 Weak Recharge
60m Land-Surface 9.052
WT 9.045 0.004 -0.007 0.004
Pz-Mid 8.942 0.004 -0.103 0.008 Strong Recharge
Pz-Bot 9.178 0.003 0.133 0.007 Strong Discharge
Stream Land-Surface 9.052
WT 8.855 0.003 -0.197 0.003
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A.2.b.  Deep Peat Riparian Wetlands
     Sampling Period: June (spring)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
DPR_MR 1m Land-Surface 8.94
WT 8.880 0.006 -0.060 0.006
Pz-Mid 8.877 0.003 -0.003 0.009 no gradient
Pz-Bot 8.876 0.003 -0.004 0.009 no gradient
40.5m Land-Surface 8.545
WT 8.555 0.006 0.010 0.006
Pz-Mid 8.535 0.005 -0.020 0.011 Weak Recharge
Pz-Bot 8.524 0.006 -0.031 0.012 Weak Recharge
81m Land-Surface 7.813
WT 7.865 0.006 0.052 0.006
Pz-Mid 7.855 0.006 -0.010 0.012 no gradient
Pz-Bot 8.065 0.007 0.200 0.013 Strong Discharge
Stream Land-Surface 7.813
WT 7.700 0.008 -0.113 0.008
DPR_BR 1m Land-Surface 9.477
WT 9.338 0.003 -0.139 0.003
Pz-Mid 9.335 0.006 -0.003 0.009 no gradient
Pz-Bot 9.383 0.005 0.045 0.008 Weak Discharge
30m Land-Surface 9.373
WT 9.273 0.004 -0.100 0.004
Pz-Mid 9.126 0.004 -0.147 0.008 Strong Recharge
Pz-Bot 8.991 0.003 -0.282 0.007 Strong Recharge
60m Land-Surface 9.05
WT 9.045 0.004 -0.005 0.004
Pz-Mid 9.040 0.004 -0.005 0.008 no gradient
Pz-Bot 9.297 0.005 0.252 0.009 Strong Discharge
Stream Land-Surface 9.050
WT 8.980 0.005 -0.070 0.005
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A.2.c.  Deep Peat Riparian Wetlands
     Sampling Period: August (summer)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
DPR_MR 1m Land-Surface 8.937
WT 8.848 0.005 -0.089 0.005
Pz-Mid 8.843 0.003 -0.005 0.008 no gradient
Pz-Bot 8.845 0.003 -0.003 0.008 no gradient
40.5m Land-Surface 8.547
WT 8.487 0.006 -0.060 0.006
Pz-Mid 8.487 0.006 0.000 0.012 no gradient
Pz-Bot 8.421 0.005 -0.066 0.011 Weak Recharge
81m Land-Surface 7.783
WT 7.807 0.007 0.024 0.007
Pz-Mid 7.821 0.005 0.014 0.012 Weak Discharge
Pz-Bot 7.778 0.005 -0.029 0.012 Weak Recharge
Stream Land-Surface 7.783
WT 7.258 0.006 -0.525 0.006
DPR_BR 1m Land-Surface 9.478
WT 9.168 0.005 -0.310 0.005
Pz-Mid 9.170 0.005 0.002 0.010 no gradient
Pz-Bot 9.084 0.004 -0.084 0.009 Weak Recharge
30m Land-Surface 9.374
WT 9.176 0.003 -0.198 0.003
Pz-Mid 9.096 0.003 -0.080 0.006 Weak Recharge
Pz-Bot 9.085 0.005 -0.091 0.008 Weak Recharge
60m Land-Surface 9.052
WT 8.848 0.004 -0.204 0.004
Pz-Mid 9.795 0.004 0.947 0.008 Strong Discharge
Pz-Bot 9.000 0.003 0.152 0.007 Strong Discharge
Stream Land-Surface 9.052
WT 8.721 0.003 -0.331 0.003
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A.2.d.  Deep Peat Riparian Wetlands
     Sampling Period: September (pre-senescence)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
DPR_MR 1m Land-Surface 8.94
WT 8.745 0.006 -0.195 0.006
Pz-Mid 8.748 0.003 0.003 0.009 no gradient
Pz-Bot 8.656 0.003 -0.089 0.009 Weak Recharge
40.5m Land-Surface 8.545
WT 8.338 0.006 -0.207 0.006
Pz-Mid 8.429 0.005 0.091 0.011 Weak Discharge
Pz-Bot 7.907 0.006 -0.431 0.012 Strong Recharge
81m Land-Surface 7.813
WT 7.766 0.006 -0.047 0.006
Pz-Mid 7.772 0.006 0.006 0.012 no gradient
Pz-Bot 7.762 0.007 -0.004 0.013 no gradient
Stream Land-Surface 7.813
WT 7.612 0.008 -0.201 0.008
DPR_BR 1m Land-Surface 9.477
WT 9.141 0.003 -0.336 0.003
Pz-Mid Below ~ ~ ~ ~
Pz-Bot 9.012 0.005 -0.129 0.008 Strong Recharge
30m Land-Surface 9.373
WT 9.066 0.004 -0.307 0.004
Pz-Mid 9.029 0.004 -0.037 0.008 Weak Recharge
Pz-Bot 8.992 0.003 -0.074 0.007 Weak Recharge
60m Land-Surface 9.05
WT 8.784 0.004 -0.266 0.004
Pz-Mid 8.789 0.004 0.005 0.008 no gradient
Pz-Bot 8.992 0.005 0.208 0.009 Strong Discharge
Stream Land-Surface 9.050
WT 8.736 0.005 -0.314 0.005
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A.2.e.  Deep Peat Riparian Wetlands
     Sampling Period: November/December (post-senescence)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
DPR_MR 1m Land-Surface 8.94
WT 8.863 0.006 -0.077 0.006
Pz-Mid 8.861 0.003 -0.002 0.009 no gradient
Pz-Bot 8.864 0.003 0.001 0.009 no gradient
40.5m Land-Surface 8.545
WT 8.508 0.006 -0.037 0.006
Pz-Mid 8.508 0.005 0.000 0.011 no gradient
Pz-Bot 8.531 0.006 0.023 0.012 Weak Discharge
81m Land-Surface 7.813
WT 7.852 0.006 0.039 0.006
Pz-Mid 7.853 0.006 0.001 0.012 no gradient
Pz-Bot 7.913 0.007 0.061 0.013 Weak Discharge
Stream Land-Surface 7.813
WT 7.669 0.008 -0.144 0.008
DPR_BR 1m Land-Surface 9.477
WT 9.323 0.003 -0.154 0.003
Pz-Mid 9.299 0.006 -0.024 0.009 Weak Recharge
Pz-Bot 9.374 0.005 0.051 0.008 Weak Discharge
30m Land-Surface 9.373
WT 9.241 0.004 -0.132 0.004
Pz-Mid 9.260 0.004 0.019 0.008 Weak Discharge
Pz-Bot 9.277 0.003 0.036 0.007 Weak Discharge
60m Land-Surface 9.05
WT 9.039 0.004 -0.011 0.004
Pz-Mid 9.058 0.004 0.019 0.008 Weak Discharge
Pz-Bot 9.314 0.005 0.275 0.009 Strong Discharge
Stream Land-Surface 9.050
WT 8.994 0.005 -0.056 0.005
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A.3.a. Headwater Wetlands
     Sampling Period: April (end of snowmelt)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
HW_P 1m Land Surface 9.150
WT frozen
Pz-Mid frozen
Pz-Bot frozen
45ma Land Surface 9.005
WT 9.007 0.004 0.002 0.004
Pz-Mid 8.986 0.003 -0.021 0.007 Weak Recharge
Pz-Bot 8.880 0.005 -0.127 0.009 Strong Recharge
60m Land Surface 8.997
WT 9.052 0.006 0.055 0.006
Pz-Mid 8.959 0.007 -0.093 0.013 Weak Recharge
Pz-Bot 8.644 0.005 -0.408 0.011 Strong Recharge
80m Land Surface 9.000
WT 9.022 0.007 0.022 0.007
Pz-Mid 8.920 0.006 -0.102 0.013 Strong Recharge
Pz-Bot 8.663 0.008 -0.359 0.015 Strong Recharge
100m Land Surface 8.903
WT 8.955 0.010 0.052 0.010
Pz-Mid 8.889 0.009 -0.066 0.019 Weak Recharge
Pz-Bot 8.920 0.009 -0.035 0.019 Weak Recharge
Outlet Land-Surface 8.903 0.000
WT 8.995 0.01 0.092 0.010
HW_H 1m Land-Surface 9.041
WT 9.116 0.003 0.075 0.003
Pz-Mid 9.090 0.003 -0.026 0.006 Weak Recharge
Pz-Bot 8.961 0.003 -0.155 0.006 Strong Recharge
37.5m Land-Surface 9.053
WT 9.122 0.004 0.069 0.004
Pz-Mid 8.996 0.004 -0.126 0.008 Strong Recharge
Pz-Bot 8.628 0.005 -0.494 0.009 Strong Recharge
75m Land-Surface 9.026
WT 9.078 0.008 0.052 0.008
Pz-Mid 8.943 0.006 -0.135 0.014 Strong Recharge
Pz-Bot 8.344 0.010 -0.734 0.018 Strong Recharge
Outlet Land-Surface 8.323
WT 8.256 0.015 -0.067 0.015
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A.3.b. Headwater Wetlands
     Sampling Period: June (spring)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
HW_P 1m Land Surface 9.195
WT 9.204
Pz-Mid 9.131
Pz-Bot 9.153
45ma Land Surface 9.005
WT 9.032 0.004 0.027 0.004
Pz-Mid 8.989 0.003 -0.043 0.007 Weak Recharge
Pz-Bot 8.925 0.005 -0.107 0.009 Strong Recharge
60m Land Surface 8.997
WT 9.042 0.006 0.045 0.006
Pz-Mid 8.945 0.007 -0.097 0.013 Weak Recharge
Pz-Bot 4.664 0.005 -4.378 0.011 Strong Recharge
80m Land Surface 9.000
WT 9.011 0.007 0.011 0.007
Pz-Mid 8.859 0.006 -0.152 0.013 Strong Recharge
Pz-Bot 7.873 0.008 -1.138 0.015 Strong Recharge
100m Land Surface 8.903
WT 8.960 0.010 0.057 0.010
Pz-Mid 8.911 0.009 -0.049 0.019 Weak Recharge
Pz-Bot 8.920 0.009 -0.040 0.019 Weak Recharge
Outlet Land-Surface 8.903 0.000
WT 8.96 0.01 0.057 0.010
HW_H 1m Land-Surface 9.039
WT 9.124 0.007 0.085 0.007
Pz-Mid 9.194 0.008 0.070 0.015 Weak Discharge
Pz-Bot 9.095 0.005 -0.029 0.012 Weak Recharge
37.5m Land-Surface 9.057
WT 9.103 0.009 0.046 0.009
Pz-Mid 9.023 0.008 -0.080 0.017 Weak Recharge
Pz-Bot 6.909 0.007 -2.194 0.016 Strong Recharge
75m Land-Surface 8.981
WT 9.064 0.008 0.083 0.008
Pz-Mid 8.993 0.008 -0.071 0.016 Weak Recharge
Pz-Bot 7.764 0.008 -1.300 0.016 Strong Recharge
Outlet Land-Surface 8.323
WT 8.197 0.015 -0.126 0.015
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A.3.c.  Headwater Wetlands
     Sampling Period: August (summer)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
HW_P 1m Land Surface 9.195
WT 9.121
Pz-Mid 9.120
Pz-Bot 9.107
45ma Land Surface 9.005
WT 8.986 0.004 -0.019 0.004
Pz-Mid 8.961 0.003 -0.025 0.007 Weak Recharge
Pz-Bot 8.857 0.005 -0.129 0.009 Strong Recharge
60m Land Surface 8.997
WT 8.966 0.006 -0.031 0.006
Pz-Mid 8.941 0.007 -0.025 0.013 Weak Recharge
Pz-Bot 8.544 0.005 -0.422 0.011 Strong Recharge
80m Land Surface 9.000
WT 8.970 0.007 -0.030 0.007
Pz-Mid 8.886 0.006 -0.084 0.013 Weak Recharge
Pz-Bot 8.563 0.008 -0.407 0.015 Strong Recharge
100m Land Surface 8.903
WT 8.942 0.010 0.039 0.010
Pz-Mid 8.885 0.009 -0.057 0.019 Weak Recharge
Pz-Bot 8.645 0.009 -0.297 0.019 Strong Recharge
Outlet Land-Surface 8.903 0.000
WT 8.942 0.01 0.039 0.010
HW_H 1m Land-Surface 9.041
WT 8.982 0.003 -0.059 0.003
Pz-Mid 8.979 0.003 -0.003 0.006 no gradient
Pz-Bot 8.845 0.003 -0.137 0.006 Strong Recharge
37.5m Land-Surface 9.053
WT 8.970 0.004 -0.083 0.004
Pz-Mid 8.915 0.004 -0.055 0.008 Weak Recharge
Pz-Bot 8.178 0.005 -0.792 0.009 Strong Recharge
75m Land-Surface 9.026
WT 8.951 0.008 -0.075 0.008
Pz-Mid 8.867 0.006 -0.084 0.014 Weak Recharge
Pz-Bot 8.244 0.010 -0.707 0.018 Strong Recharge
Outlet Land-Surface 8.323
WT 8.105 0.015 -0.218 0.015
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A.3.d.  Headwater Wetlands
     Sampling Period: September (pre-senescence)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
HW_P 1m Land Surface 9.195
WT 9.027
Pz-Mid 8.987
Pz-Bot 9.006
45ma Land Surface 9.005
WT 8.956 0.004 -0.049 0.004
Pz-Mid 8.926 0.003 -0.030 0.007 Weak Recharge
Pz-Bot 8.803 0.005 -0.153 0.009 Strong Recharge
60m Land Surface 8.997
WT 8.928 0.006 -0.069 0.006
Pz-Mid 8.872 0.007 -0.056 0.013 Weak Recharge
Pz-Bot 7.439 0.005 -1.489 0.011 Strong Recharge
80m Land Surface 9.000
WT 8.936 0.007 -0.064 0.007
Pz-Mid 8.820 0.006 -0.116 0.013 Strong Recharge
Pz-Bot 4.014 0.008 -4.922 0.015 Strong Recharge
100m Land Surface 8.903
WT 8.900 0.010 -0.003 0.010
Pz-Mid 8.822 0.009 -0.078 0.019 Weak Recharge
Pz-Bot 8.525 0.009 -0.375 0.019 Strong Recharge
Outlet Land-Surface 8.903 0.000
WT 8.9 0.01 -0.003 0.010
HW_H 1m Land-Surface 9.039
WT 8.973 0.007 -0.066 0.007
Pz-Mid 8.907 0.008 -0.066 0.015 Weak Recharge
Pz-Bot 8.784 0.005 -0.189 0.012 Strong Recharge
37.5m Land-Surface 9.057
WT 8.963 0.009 -0.094 0.009
Pz-Mid 8.877 0.008 -0.086 0.017 Weak Recharge
Pz-Bot 6.509 0.007 -2.454 0.016 Strong Recharge
75m Land-Surface 8.981
WT 8.937 0.008 -0.044 0.008
Pz-Mid 8.816 0.008 -0.121 0.016 Strong Recharge
Pz-Bot 6.726 0.008 -2.211 0.016 Strong Recharge
Outlet Land-Surface 8.323
WT 8.027 0.015 -0.296 0.015
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A.3.e.  Headwater Wetlands
     Sampling Period: November/December (post-senescence)
Water Table Relative to
Transect  Ground Surface (m), Classification of
Wetland Distance (m) Relative Elevation (m) Error Potentiometric Head (m) Error Potentiometric Head
HW_P 1m Land Surface 9.195
WT 9.161
Pz-Mid 9.168
Pz-Bot 9.133
45ma Land Surface 9.005
WT 9.005 0.004 0.000 0.004
Pz-Mid 9.011 0.003 0.006 0.007 no gradient
Pz-Bot 8.961 0.005 -0.044 0.009 Weak Recharge
60m Land Surface 8.997
WT 9.005 0.006 0.008 0.006
Pz-Mid 8.992 0.007 -0.013 0.013 no gradient
Pz-Bot 8.244 0.005 -0.761 0.011 Strong Recharge
80m Land Surface 9.000
WT 8.984 0.007 -0.016 0.007
Pz-Mid 8.906 0.006 -0.078 0.013 Weak Recharge
Pz-Bot no value ~ ~ ~ ~
100m Land Surface 8.903
WT 8.918 0.010 0.015 0.010
Pz-Mid 8.906 0.009 -0.012 0.019 no gradient
Pz-Bot no value ~ ~ ~ ~
Outlet Land-Surface 8.903 0.000
WT 8.918 0.01 0.015 0.010
HW_H 1m Land-Surface 9.039
WT 9.072 0.007 0.033 0.007
Pz-Mid 9.070 0.008 -0.002 0.015 no gradient
Pz-Bot 8.948 0.005 -0.124 0.012 Strong Recharge
37.5m Land-Surface 9.057
WT 9.049 0.009 -0.008 0.009
Pz-Mid 8.994 0.008 -0.055 0.017 Weak Recharge
Pz-Bot 7.083 0.007 -1.966 0.016 Strong Recharge
75m Land-Surface 8.981
WT 8.996 0.008 0.015 0.008
Pz-Mid 8.926 0.008 -0.070 0.016 Weak Recharge
Pz-Bot 7.429 0.008 -1.567 0.016 Strong Recharge
Outlet Land-Surface 8.323
WT 8.195 0.015 -0.128 0.015
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APPENDIX B:  
HYDROLOGIC CROSS SECTIONS 
Hydrologic cross sections for each of six study wetlands during each of five seasonal 
sampling periods.  Cross sections are separated by individual wetlands within each 
wetland type: shallow peat riparian wetlands (B.1.a,b,c,d,e,f,g,h,i,j), deep peat riparian 
wetlands (B.2.a,b,c,d,e,f,g,h,i,j), and headwater wetlands (B.2.a,b,c,d,e,f,g,h,i,j).  
Relative elevation of the ground surface, the water table, and the piezometric head 
potential, and the stream are shown for each wetland during each sampling period.  
For each individual wetland, one cross section representing a high flow regime and 
one cross section representing a low flow regime, are shown with approximate flow 
nets in addition to the water table and piezometer data.  
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Appendix B.1.a.  Hydrologic cross section of a shallow peat riparian wetland, (Site SPR_HR), 
April (end of snowmelt).
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Appendix B.1.b.i.  Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_HR), 
June (spring).
8.800m
8.922m
9.207m
9.101 +/- 0.003m
8.834 +/- 0.005m
8.776 +/- 0.051m
Stream: 8.742 +/- 0.003m
8.752 +/- 0.004m8.838 +/- 0.004m
9.103 +/- 0.006m
9.127 +/- 0.005m
8.839 +/- 0.005m
8.766 +/- 0.004m
8.0
8.2
8.4
8.6
8.8
9.0
9.2
9.4
9.6
9.8
10.0
0 2 4 6 8 10 12 14 16 18 20
Cumulative Distance from Upland (m)
R
e
l
a
t
i
v
e
 
E
l
e
v
a
t
i
o
n
 
(
m
)
Basin Land Surface Water Table Pz-Mid Pz-Bottom
  
183
Appendix B.1.b.ii.  Hydrologic cross section and flow net for a shallow peat riparian wetland,
(Site SPR_HR), June (spring).
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Appendix B.1.c.  Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_HR), 
August (summer).
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Appendix B.1.d.i.  Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_HR), 
September (pre-senescence).
8.800m
8.922m
9.207m
8.709 +/- 0.003m
8.567 +/- 0.005m
8.470 +/- 0.051m
Stream: 8.412 +/- 0.003m
Below  Screen +/- 0.004m
Below Screen +/- 0.004m
Below Screen +/- 0.006m
Below Screen +/- 0.005m
8.573 +/- 0.005m
8.447 +/- 0.004m
8.0
8.2
8.4
8.6
8.8
9.0
9.2
9.4
9.6
9.8
10.0
0 2 4 6 8 10 12 14 16 18 20
Cumulative Distance from Upland (m)
R
e
l
a
t
i
v
e
 
E
l
e
v
a
t
i
o
n
 
(
m
)
Basin Land Surface Water Table Pz-Mid Pz-Bottom
  
186
Appendix B.1.d.ii.  Hydrologic cross section and flow net for a shallow peat riparian wetland, 
(Site SPR_HR), September (pre-senescence).
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Appendix B.1.e. Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_HR), 
November/December (post-senescence).
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Appendix B.1.f.  Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_SLR), 
April (end of snowmelt). 
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Appendix B.1.g.i. Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_SLR), 
June (spring).
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Appendix B.1.g.ii. Hydrologic cross section and flow net for a shallow peat riparian wetland, 
(Site SPR_SLR), June (spring).
9.764
10.362
10.290
stream: 9.575 +/- 0.005m
10.278 +/- 0.005m
9.675 +/- 0.006m
10.355 +/- 0.005m
10.275 +/- 0.006m10.351 +/- 0.006m
9.661 +/- 0.005m
10.322 +/- 0.006m
10.391 +/- 0.005m
9.686 +/- 0.006m
9.0
9.5
10.0
10.5
11.0
0 2 4 6 8 10 12
Cumulative Distance from Upland (m)
R
e
l
a
t
i
v
e
 
E
l
e
v
a
t
i
o
n
 
(
m
)
Basin Land Surface Water Table Pz-Mid Pz-Bottom
  
191
Appendix B.1.h.  Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_SLR), 
August (summer).
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Appendix B.1.i.i. Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_SLR), 
September (pre-senescence).
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Appendix B.1.i.ii. Hydrologic cross section and flow net for a shallow peat riparian wetland, 
(Site SPR_SLR), September (pre-senescence).
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Appendix B.1.j.  Hydrologic cross section for a shallow peat riparian wetland, (Site SPR_SLR), 
November/December (post-senescence).
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Appendix B.2.a.i. Hydrologic cross section for a deep peat riparian wetland, (Site DPR_MR),
  April (end of snowmelt).
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Appendix B.2.a.ii. Hydrologic cross section and flow net for a deep peat riparian wetland,
(Site DPR_MR),  April (end of snowmelt).
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Appendix B.2.b.  Hydrologic cross section for a deep peat riparian wetland, (Site DPR_MR), 
June (spring).
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Appendix B.2.c. Hydrologic cross section for a deep peat riparian wetland, (Site DPR_MR),
August (summer).
7.783m
8.547m
8.937m
8.848 ± 0.005m
8.487 ± 0.006m
stream: 7.258 ± 0.006m
7.807 ± 0.007m
8.843 ± 0.003m
8.487 ± 0.006m 7.821 ± 0.005m
8.845 ± 0.003m
8.421 ± 0.005m
7.778 ± 0.005m
2.0
3.0
4.0
5.0
6.0
7.0
8.0
9.0
10.0
0 10 20 30 40 50 60 70 80 90
Cumulative Distance from Upland (m)
R
e
l
a
t
i
v
e
 
E
l
e
v
a
t
i
o
n
 
(
m
)
Basin Land Surface Water Table Pz-Mid Pz-Bottom
  
199
Appendix B.2.d.i  Hydrologic cross section for a deep peat riparian wetland, (Site DPR_MR), 
September (pre-senescence).
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Appendix B.2.d.ii.  Hydrologic cross section and flow net for a deep peat riparian wetland, 
(Site DPR_MR), September (pre-senescence).
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Appendix B.2.e.  Hydrologic cross section for a deep peat riparian wetland, (Site DPR_MR), 
November/December (post-senescence).
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Appendix B.2.f.i.  Hydrologic cross section for a deep peat riparian wetland, (Site DPR_BR), 
April (end of snowmelt).
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Appendix B.2.f.ii.  Hydrologic cross section and flow net for a deep peat riparian wetland,
(Site DPR_BR), April (end of snowmelt).
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Appendix B.2.g.  Hydrologic cross section for a deep peat riparian wetland, (Site DPR_BR), 
June (spring).
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Appendix B.2.h. Hydrologic cross section for a deep peat riparian wetland, (Site DPR_BR), 
August (summer).
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Appendix B.2.i.i. Hydrologic cross section for a deep peat riparian wetland, (Site DPR_BR), 
September (pre-senescence).
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Appendix B.2.i.ii. Hydrologic cross section and flow net for a deep peat riparian wetland, 
(Site DPR_BR), September (pre-senescence).
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Appendix B.2.j. Hydrologic cross section for a deep peat riparian wetland, (Site DPR_BR), 
November/December (post-senescence).
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Appendix B.3.a.  Hydrologic cross section for a headwater wetland, (Site HW_P),
April (end of snowmelt).
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Appendix B.3.b.i.  Hydrologic cross section for a headwater wetland, (Site HW_P),
June (spring).
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Appendix B.3.b.ii.  Hydrologic cross section and flow net for a headwater wetland,
 (Site HW_P),  June (spring).
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Appendix B.3.c.  Hydrologic cross section for a headwater wetland, (Site HW_P),
August (summer).
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Appendix B.3.d.i.  Hydrologic cross section for a headwater wetland, (Site HW_P),
September (pre-senescence).
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Appendix B.3.d.ii.  Hydrologic cross section and flow net for a headwater wetland,
(Site HW_P), September (pre-senescence).
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Appendix B.3.e.  Hydrologic cross section for a headwater wetland, (Site HW_P),
November/December (post-senescence).
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Appendix B.3.f.i. Hydrologic cross section for a headwater wetland, (Site HW_H), 
April (end of snowmelt).
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Appendix B.3.f.ii. Hydrologic cross section and flow net for a headwater wetland, 
(Site HW_H), April (end of snowmelt).
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Appendix B.3.g.  Hydrologic cross section for a headwater wetland, (Site HW_H), 
June (spring).
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Appendix B.3.h.  Hydrologic cross section for a headwater wetland, (Site HW_H), 
August (summer).
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Appendix B.3.i.i. Hydrologic cross section for a headwater wetland, (Site HW_H), 
September (pre-senescence).
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Appendix B.3.i.ii. Hydrologic cross section and flow net for a headwater wetland, 
(Site HW_H), September (pre-senescence).
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Appendix B.3.j. Hydrologic cross section for a headwater wetland, (Site HW_H), 
November/December (post-senescence).
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